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 Natural wetlands are unique ecosystems that offer substantial services to the 
surrounding landscape, are host to immense biodiversity, and are the largest global emitters of 
biogenic methane to the atmosphere. The unique nature of wetland ecosystems cater to an 
extensive diversity of microorganisms –  essential regulators of biogeochemical and ecosystem-
level processes including the production of methane. However, wetlands reside at the lowest 
elevational point in a landscape making them particularly vulnerable to inputs from the 
surrounding area. This is especially problematic for wetlands embedded in agricultural systems 
where surrounding management practices may indirectly impact wetland function and 
sustainability, including the relative influences on methane emission. The impact of surrounding 
management intensity on methane emissions from embedded wetlands is uncertain, in part 
because most studies on this subject focus on temperature and high latitude regions where 
agriculture is lacking. As humans continue to reduce global biodiversity through agricultural 
expansion and intensification, it remains unclear the degree this trend will impact wetland 
microbial populations. This thesis examines how management of the surrounding agricultural 
landscape, including intensity and/or grazing, influences net methane emissions and microbial 
populations from embedded, seasonal subtropical wetlands. This research further determined 
key mechanisms by which management decisions at the landscape scale modulate CH4 
emissions from embedded wetlands. The goals of this research were to: 1) quantify the effects 
of surrounding agriculture on net CH4 emissions from embedded wetlands, 2) assess the impact 
management intensity has on the diversity and composition of wetland microbial populations, 
and 3) examine the relationship between ecosystem and microbial functionality with particular 
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emphasis on methanogenic microorganisms.  The findings presented here show that 
agricultural management strategies to optimize cattle production have significant and holistic 
impacts on functions important for CH4 production and the microbial diversity of embedded 
wetlands. Wetlands, but also tropical and subtropical regions in general, are largely 
underrepresented in literature, and the context of these results reflect the importance of 
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Chapter 1: General introduction 
 
1.1 Introduction 
Wetlands offer substantial services often relied upon for the maintenance and stability 
of ecosystems at both local and regional scales. Two services, climate regulation and 
environmental sustainability, are fundamentally linked to the cycling of carbon and the 
underlying microbial populations (Mitsch et al., 2010; EPA, 2002). Concerning the relationship 
between carbon cycling and climate regulation, wetlands offer the potential to mitigate global 
change by acting as important CO2 sinks; however, a propensity to produce significant amounts 
of methane (CH4) can offset or even increase the positive loop driving global warming (Lu et al., 
2017; Page et al., 2011; Zhang et al., 2016; IPCC, 2014). In addition to the involvement and 
regulating capacity of soil microorganisms that are fundamental to most biological 
transformations and process-based cycles (i.e. ecosystem respiration) are consequences 
surrounding the disturbance of local microbial populations that likely reflects the health and 
balance of entire ecosystems. Until recently, considerable effort to uncover and quantify 
disturbance-based responses were limited to major crops located in temperate and high 
latitude regions (EPA, 2010; Verhoeven & Setter, 2010). However, large uncertainty surrounds 
how management intensity influences wetlands embedded within the constraints of 
agricultural fields, and those specific to the tropics and subtropics (Verhoeven & Setter, 2010). 
Wetlands occupy 6-7% of the terrestrial land surface (Mitsch et al., 2010) and are 
generally defined as distinct areas inundated for part, if not most of the year, support 
vegetation adapted to waterlogged conditions, and have soil characteristics different from the 
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surrounding landscape (Marani and Alvalá, 2007; EPA, 2016). Many types of wetlands exist, 
each with unique subsets of characteristics that make it challenging to categorize and predict 
the effects of disturbance (IPCC, 2007; EPA, 2010). Despite wetlands in the tropics and 
subtropics receiving considerably less attention than wetlands in temperate and high latitude 
regions, they are generally more productive, have extensive microbial networks, and support  
biodiversity (Marani & Alvalá, 2007; Bartlett and Harris, 1993; Pereira e Silva et al., 2012). 
Fundamental to all wetlands is the capacity to sequester and store carbon which 
accounts for approximately one third of the total carbon (455-700 Pg.) stored in Earth’s soils 
(Mitsch et al., 2013). However, wetlands are the largest natural source of global biogenic CH4 to 
the atmosphere (25%-55% of total emissions); 70% of which originates from southern and 
tropical regions (Saunois et al., 2016; Schuur et al., 2013; Walter et al., 2001; Chen & Prinn, 
2005, 2006). CH4 has natural and anthropogenic origins (IPCC, 2014). Upon entering the 
atmosphere, the global warming potential of CH4 is estimated at 28 to 36 times greater than 
the same mass of CO2 over a 100-year horizon and accounts for 20% of the radiative forcing 
from all green house gases (GHG) (EPA, 2016; IPCC, 2014; Denman et al., 2007). The significance 
of CH4 as a GHG lies not only in its potency, but the relative increase in atmospheric 
concentrations that has paralleled human progress and innovation since the 1700’s, outside a 
brief period of stability observed in the late 1990’s. This increased efforts to identify sources 




1.2.1 Methane (CH4) production and emission 
CH4 is the end product of microbial respiration following the anaerobic decomposition 
of organic matter; a process called methanogenesis (Chauhan et al., 2004; Conrad, 1993). In the 
absence of O2, methanogenesis involves coupling the availability of electron acceptors, 
reduction-oxidation reactions, anaerobic carbon mineralization, and transport resistances 
(Chauhan et al., 2004). Following plant senescence, organic matter undergoes a series of 
physical, photochemical, and biochemical degradation processes that ultimately provides the 
substrate required for CH4 producing microbes (Bridgham et al., 2013). CH4 production is 
exclusively carried out by methanogenic archaea whose metabolism operates at redox 
potentials less than -200mV, highlighting the need for anaerobic conditions to offset an 
energetically exhaustive process by increasing the change in standard free energy, thus 
maximizing energy yields (Wang et al., 1993).  
CH4 is generated through two major pathways that differ in substrate and energy 
requirements: hydrogenotrophic and acetoclastic methanogenesis (Conrad, 1996). 
Hydrogenotrophic methanogenesis is an autotrophic process that reduces CO2 to CH4 using 
hydrogen (H2) as an electron donor (Chauhan et al., 2004). Acetoclastic methanogenesis, in 
contrast, is a chemotrophic process that converts acetate to CO2 and CH4. In both cases, the use 
of oxidized CO2 as a terminal electron acceptor generates limited energy for growth (Bridgham 
et al., 2013). CH4 production is competitively suppressed by microbes that prefer energetically 
favorable electron acceptors that are sequentially consumed according to free energy yields in 
the order of NO3- > Mn 4+ >Fe3+ >SO4-2>CO2 (Cappenberg, 1974; Pezeshki & DeLaune, 2012). 
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When only CO2 remains, methanogenesis commences as the only path for organic carbon 
mineralization and results in the production of CH4 during the terminal step of decomposition 
(Bodegom & Stams, 1999). However, newly produced CH4 is readily subject to oxidation by 
methanotrophic bacteria, whereby converting CH4 back to CO2 (Calhoun & King, 1997). 
Whether local biotic conditions or abiotic pressures differentially influence the relative 
dominance of production pathways between management intensities may indicate functional 
divergence at the microbial level. 
Following production, CH4 is transported from wetland soils to the atmosphere in three 
ways: diffusion, ebullition, and plant-mediated transport (Dacey, 1981; Joabsson et al., 1999). 
CH4 transported by diffusion is least efficient while ebullition and plant-mediated transport are 
important modes regulating atmospheric CH4 emissions (King, 1992; Byrnes et al., 1995; 
Grünfeld & Brix, 1999; Van Der Nat & Middelburg, 1998). The potential for transport to exert 
control over CH4 emissions is contingent on specific ecosystem properties including vegetation 
type and biomass, the presence of inhibiting microbes, hydrology, soil porosity, and nutrient 
content; each of which can be directly impacted by disturbance.  
Within this context, there may be wider implications for categorizing disturbance 
responses and should be prioritized to properly address the impacts of agricultural 
intensification. Identifying and quantifying processes that cause functional and structural 
changes to downstream ecosystem properties should be explored as starting points to inform 




1.2.2 Diversity overview 
A core concept of diversity is that local populations (α-diversity) are intricately linked to 
variation among spatially distinct populations (β-diversity) through differential colonization of 
species from the regional species pool (γ-diversity) (Vellend, 2010). Local populations (α) are 
characterized by total species, abundances, evenness, and functionality. Compositional 
fluctuations are inherent to microbial communities and invaluable components of ecosystem 
health and sustainability. Just as microbial communities are essential components of soil 
microenvironments, they are similarly subject to fluctuations following the disruption of local 
soil properties (Corstanje et al., 2007; Ye et al., 2009). Disturbance, for example, is generally 
characterized as a discrete event in time that alters the immediate environment (Shade, Peter, 
et al., 2012). However, the link between microbial composition, disturbance, and ecosystem 
processes is largely predicated on whether microbial groups demonstrate tolerance, metabolic 
flexibility that fuels community robustness, and the degree of functional redundancy found in 
the population (Martiny et al., 2013; Shade, Peter, et al., 2012). 
 
1.2.3 Subtropical wetlands and disturbance 
 Seasonally isolated wetlands are a dominant landscape feature in the Lake Okeechobee 
basin of South-Central Florida and accounts for approximately 15% of the total land-area (EPA, 
2002). Here, cattle ranching is the primary agricultural land-use (Boughton et al., 2011) and 
over the last several decades native rangelands have been converted to agro-ecosystems with 
the aim of increasing cattle production per unit area. This reduced the areal extent of wetlands 
by 25% over the same time period (Gathumbi et al., 2005). Management regimes aimed at 
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optimizing pastures for grazing, referred to as ‘improved pastures’, include annual additions of 
N and P fertilizers, upland conversion to non-native forage grasses (Bahia grass), construction of 
drainage ditches, and high grazing frequencies (Boughton et al., 2010). Consequently, wetlands 
embedded in improved pastures, called ‘improved wetlands’, are subject to pasture 
intensification that potentially drives ecosystem level changes to plant community composition, 
hydrologic regimes, and soil characteristics.   
Cattle use wetlands to forage, hydrate, and rest, which has been shown to alter 
ecosystem properties including disrupting the soil profile, damaging vegetation, and 
oxygenating soils (Wang et al., 2006). Further, grazing increases the incorporation of surface 
litter into soils, thereby increasing total soil organic matter, stimulating decomposition, and 
ultimately promoting the growth of microbial populations (Bardgett et al., 1998; Wang et al., 
2006). Gomez-Casanovas (2028) found that the removal of aboveground biomass by grazers 
decreased both ecosystem respiration and gross primary productivity; in doing so, increased 
the net CO2 sink strength of highly managed pastures. In contrast, cattle grazing inside wetlands 
selectively choose high nutrient and easily digestible vegetation, largely avoiding plants rich in 
fiber, in turn, altering the structure of local ecosystems (Tweel & Bohlen, 2008).  
Fertilizer application is a dominant feature of most agro-ecosystems, and improved 
pastures at our study site are no different. Similar to the effects of grazing, the flow of fertilizers 
from surrounding pastures into wetlands often has contrasting results. Here, high fertilization 
rates were shown to increase soil nitrogen and phosphorous content, directly stimulating plant 
growth and biomass (Gathumbi et al., 2005). However, a subsequent study found that 
increased productivity was limited to a few opportunistic and invasive species, resulting in 
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diminished functionality and ecosystem homogenization (Boughton et al., 2011). Many species 
native to Florida were replaced by non-native, weedier and more generalist species. In 
particular, Juncus effuses spp. became dominant in improved wetlands, in turn affecting 
vegetation and microbial structure and diversity, the distribution of organic matter, and 
nutrient cycling (Boughton et al., 2010; Megonigal et al., 2004, Tweel & Bohlen, 2008). 
Compositional and structural changes to plant populations had significant impacts on the 
atmospheric exchange of CO2 and CH4, which constitutes an ecosystem response that likely has 
wide spread implications (Gomez-Casanovas et al., 2018). 
 
1.3 Overall goals 
The research presented in this dissertation sought to investigate the impact agricultural 
management intensity has on embedded subtropical wetlands from above- and below- ground 
perspectives. The specific goals included: 1) quantify the effects of increased management on 
the production and emission of CH4 as well as uncover key mechanistic drivers, 2) assess the 
impact on the diversity and composition of wetland microbial populations, and 3) determine 
whether disturbance diminished microbial functionality with specific focus on methanogenic 
populations. Ultimately, this research was guided by the overarching goal to identify 
ecosystems most susceptible to anthropogenic disturbance in order to more comprehensively 
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Chapter 2: The role of management on methane emissions from subtropical wetlands 
embedded in agricultural ecosystems 
 
2.1 Abstract 
Wetlands are an important source of CH4 globally. However, uncertainty surrounding 
the impact of anthropogenic activities on CH4 emissions from wetlands limits understanding of 
how these ecosystems will respond to management changes.  Furthermore, by neglecting the 
potential for management to influence CH4 emissions likely inflates error of CH4 emissions for 
regional and global CH4 models. This study employed a replicated factorial experimental design 
to investigate how management of the agricultural landscape, including grazing and/or 
management intensity, influences net CH4 emissions from embedded, seasonal subtropical 
wetlands. This research further determined key mechanisms by which management decisions 
at the landscape scale modulate CH4 emissions from the embedded wetlands.  
Net CH4 exchange was measured using a closed chamber system over two complete 
wet/dry seasonal cycles in 16 wetlands embedded in either agronomically improved pastures 
(improved wetlands) or less intensively grazed unfertilized semi-native pastures (semi-native 
wetlands), as well as in grazed and ungrazed wetlands in each treatment. Emissions of CH4 were 
higher from improved wetlands (2.82 μmol m-2 s-1) than semi-native wetlands (0.75 μmol m-2 s-
1), particularly during the wet season. Enhanced CH4 emissions in improved wetlands relative to 
semi-native wetlands were caused by increased soil wetness as well as by higher aboveground 
biomass in improved compared to semi-native wetlands. Unlike subtropical flooded pastures, 
our results showed that grazers do not alter CH4 emissions from subtropical wetlands. Current 
and future changes in management intensity of pastures may cause shifts in net soil CH4 
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Natural wetlands are responsible for between 55 and 77 % of global natural CH4 (IPCC, 
2013; Saunois et al., 2016), a potent greenhouse gas (GHG) with a warming potential to the 
atmosphere much greater than CO2 (IPCC, 2014; EPA, 2016). Wetlands are loosely defined as 
being inundated for part, if not most of the year, support vegetation adapted to waterlogged 
conditions, and have soil characteristics that are different than the surrounding land (EPA, 
2016). A large range of wetland types exist across the globe which results in varied 
characteristics related to ecosystem services, carbon cycling, and function. Wetlands in the 
subtropics and tropics are often characterized as marshes that occupy the lowest depression in 
a landscape, have an abundance of vegetation adapted to saturating conditions, experience 
inundation for much of the year, and receive most of their water from groundwater sources 
and runoff creating a high nutrient, alkaline, or minerotrophic system (Bernal and Mitsch, 2012; 
Mitsch et al., 2013). Historically, wetlands embedded in agriculture were often drained and 
reclaimed to accommodate development, however, efforts are underway to protect them from 
further development (Mitsch et al., 2013; Ramsar, 2016). 
Land use in the area surrounding wetlands are likely to impact their structure and 
function. Because they are generally the lowest-lying areas in a landscape, land management 
decisions at the landscape scale may dramatically impact these systems. For example, 
management decisions in the surrounding land are shown to impact the plant biomass 
17 
 
(Boughton et al., 2011b), plant diversity (Boughton et al., 2016), soil characteristics (Ho et al., 
2018; Verhoeven & Setter, 2010), and soil hydrology (Collins et al., 2014) of the wetlands 
themselves. Previous work shows that conversion of wetlands to new ecosystem types can lead 
to significant changes in CH4 emissions. For example, converting a marsh to shrimp aquaculture 
ponds was shown to increase CH4 emissions ten-fold (Yang et al., 2017). However, knowledge of 
how decisions in the surrounding landscape affect fluxes of CH4 from the embedded wetlands 
remains uncertain as outlined previously (Bridgham et al., 2013; Petrescu et al., 2015; Turetsky 
et al., 2014). 
The contribution of sub-tropical and tropical wetlands to annual CH4 emissions is poorly 
constrained in models due to a dearth of available data and a lack of understanding of how land 
use decisions in surrounding landscapes directly and indirectly impact wetland CH4 fluxes. 
Although the main drivers controlling CH4 dynamics in wetlands are well known (e.g., anaerobic 
conditions coupled with soil temperature, soil redox potential, substrate supply, etc.; Conrad et 
al., 1989), part of the variation in CH4 emissions across sites and time could be explained by 
changes in landscape context, defined here as management of both wetlands and of the 
surrounding land. Land-use surrounding wetlands may influence their CH4 dynamics, 
particularly if landscape management alters wetland soil nutrients and plant biomass. As 
cultivated land is typically fertilized to promote and maintain productivity (Delucia et al., 2014), 
nutrient applications of the surrounding land will likely drain into lower lying wetlands and 
stimulate wetland plant growth (Boughton et al., 2011b). Increases in plant biomass in wetlands 
can increase CH4 emissions as plants can act as conduits for CH4 (Blanc-Betes et al., 2016; 
Whiting & Chanton, 1993) and may supply substrate for methanogenic microbes. However, 
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fertilizers leached from cultivated land into embedded wetlands can decrease CH4 emissions by 
stimulating methanotrophs and hence CH4 oxidation (Banger et al., 2012).  
Between 20-30% of pasture area in the sub-tropics and tropics is grazed by livestock 
(Asner et al., 2004; Ramankutty et al., 2008). Grazers not only directly alter the exchange of CO2 
and CH4 from pastures (Gomez-Casanovas et al., 2018), but have also been shown to indirectly 
alter the production and oxidation of CH4 from wetlands as they affect soil temperature, plant 
productivity, and nutrient inputs (Banger et al., 2012; Bridgham et al., 2013; Whiting & 
Chanton, 1993). As such, it is unclear how cattle grazing in and around wetlands can influence 
CH4 emissions. Grazers could increase CH4 emissions from wetlands by increasing C input 
through manure and urine deposition (Banger et al., 2012; Dong et al., 2006) or by increasing 
soil wetness and stimulating methanogenesis over methanotrophy during non-flooded 
conditions as observed for the surrounding pastures (Gomez-Casanovas et al., 2018). However, 
grazing could decrease soil CH4 emissions by decreasing the input of C to soil due to biomass 
removal (Tanentzap & Coomes, 2012). It is important to resolve the uncertainty of the impact 
of grazing on methane emissions, especially in the highly grazed subtropics.  
In the subtropical regions of Florida, grazed pastures cover >35% of the total land area 
(Ramankutty et al., 2008; USDA, 2009). Embedded within this larger agricultural landscape are 
isolated, seasonal wetlands (Boughton et al., 2011a). These wetlands are nested within a 
mosaic of landscapes which include two types of grazed pastures: grassland ecosystems 
dominated by native grass species (hereafter, semi-native pastures) and grasslands dedicated 
to maximizing beef cattle production per unit area (hereafter, improved pastures). The ‘semi-
native’ and ‘improved’ classification of these grasslands, consistent for studies throughout this 
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region (Boughton et al., 2016), is limited to an agronomic, and not an ecological, perspective. 
Management regimes in improved pastures are characterized by regular additions of fertilizer, 
heavy cattle grazing, drainage ditches, and conversion to non-native forage grasses, whereas 
semi-native pastures are less intensively grazed, not fertilized and composed of a mixture of 
native and introduced C4 forage grasses (Boughton et al., 2016).  
The underlying objective of this study is to determine whether the surrounding 
landscape and grazing-based disturbance within wetlands impact net CH4 emissions. We 
hypothesize that grazing disturbance and intensification of agriculture surrounding wetlands 
leads to higher CH4 fluxes. Archbold Biological Station’s Buck Island Ranch (BIR) in Central 
Florida is an ideal facility to test this hypothesis given that the large ranch consists of a mosaic 
of land use types that allow for a full factorial land-use and grazing experiment with all other 
forcing variables remaining relatively constant. If the hypothesis is supported, it would indicate 
that modeling of subtropical wetlands needs to consider more than within-wetland 
biogeochemistry and include the impact of the surrounding landscape. 
 
2.3 Methods 
2.3.1 Site description 
This research was conducted between 2013 and 2015 at the Buck Island Ranch (BIR) 
operated by Archbold Biological Research Station in Lake Placid, Florida (27o09’N, 81o11’W). BIR 
is a 4252-ha-1 commercial cattle ranch and ecological field station with over 600 isolated, 
seasonal wetlands. The climate is classified as humid-subtropical with two distinct seasons, a 
wet, hot season from May through October, and a relatively dry, cool season the rest of the 
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year. Over the course of the study period, annual precipitation was 1534 mm on average, with 
77% falling during the wet season. Mean temperature was 26.1 C during the wet season and 
19.4 C during the dry season. Daily and historical temperature and rainfall was obtained from 
the Midwestern Regional Climate Center (https://mrcc.illinois.edu/CLIMATE/). 
Grazed pastures at BIR include intensely managed ‘improved’ pastures and less 
intensely managed ‘semi-native’ pastures. Improved pastures have been agronomically 
improved since the 1940’s. They are composed primarily of introduced forage, Bahia grass 
(Paspalum notatum Flüggé), are typically fertilized annually or semi-annually with nitrogen (56 
kg ha-1; Swain et al., 2013), were historically fertilized with NPK (nitrogen, phosphorus, 
potassium; 1970’s -1986) at a rate of 56 kg ha-1 NH4SO4 and NH4NO3 and 34–90 kg ha-1 of P2O5 
and K2O, grazed more intensely during the summer wet season, and have numerous drainage 
ditches coupled with water management (Boughton et al., 2016). Semi-native pastures have 
mostly intact natural vegetation and represent less intensely managed systems. They are 
composed of a mixture of native grasses (i.e. Andropogon spp., Axonopus spp., and Panicum 
spp.) as well as Bahia grass. Semi-native pastures have never been fertilized, are moderately 
grazed during the winter dry season, and have fewer drainage ditches than improved pastures. 
Soils at BIR are a mosaic of sandy, well drained Spodosols and Inceptisols and lower 
lying Alfisols and muck soils (Ho et al., 2018). Both pasture-types contain high and low 
elevations. During the study (2013-2015) and for over 30 years the average stocking rate 
ranged from 0.57 – 1.7 animal units (AU) ha-1 in improved pastures and 0.15 – 1.12 AU ha-1 in 
semi-native pastures (Boughton et al., 2016). 
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The legacy effects of disturbance within and around wetlands are known to influence 
the soil organic carbon (SOC) content at BIR (Ho et al., 2018). In order to understand the change 
over time and over the course of this study, we used wetland soil organic carbon values 
published by Ho et al. (2018) that were taken from the same wetlands used in our study. The 
changes to percent SOC content from 2007 – 2016 as indicated by Ho et al. (2018) were as 
follows: ungrazed improved wetlands (56.3 – 60.9% ± 5.4%, a change of, Δ 8.2%), grazed 
improved wetlands (53.1 – 54.2% ± 9.7%, Δ 2%), ungrazed semi-native wetlands (58.7 – 60.7% ± 
21%, Δ 3.4%), grazed semi-native wetlands (47.5 – 51.1% ± 20%, Δ 7.6%). 
We define the small seasonal wetlands (< 1 ha-1) according to the surrounding land-use 
and management practices. Despite differences in land-use and management practices 
between improved and semi-native wetlands, they are still categorically considered 
minerotrophic wetlands that are high in nutrients which primarily come from ground water 
flow into lower lying depressions of the wetlands. They are embedded across the landscape and 
represent 15% of total areal land cover on the ranch, typical for this region (Gathumbi et al., 
2014). Wetlands are typically flooded in the wet season, but hydroperiods (period of time when 
a wetland is inundated) can fluctuate and follow seasonal rainfall patterns. Cattle roam 
between pasture and wetland and use wetlands for cooling and feeding. The timing and grazing 
intensity of grazed pastures were similar among treatments. 
This experiment consisted of a fully replicated (n = 4) 2-way factorial design with 
treatments consisting of wetlands surrounded by either improved or semi-native pastures, with 
or without grazing. A total of 16 wetlands (Fig. 1) were selected in accordance with treatment 
type as well as similar size, shape and hydroperiod and were a subset of wetlands from a larger 
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experiment to assess the interaction of fire and grazing on wetland communities (Boughton et 
al., 2016; Ho et al., 2018).  The wetlands for this experiment (Fig. 1) were selected among the 
non-burned treatments (Boughton et al., 2016).  No wetland was intentionally burned since 
before 2006, but preceding the experiment, wetlands may have been exposed to irregular fire 
since pastures are typically burned every 3-5 years and pasture fires sometimes burn 
embedded wetlands if conditions are dry enough.  No wetlands were burned during this 
experiment. Grazing exclosures for ungrazed wetlands were established using fences to prevent 
disturbance from cattle in early 2007. All pastures within a treatment were managed similarly. 
 
2.3.2 Closed chamber and auxiliary measurements and design 
Net CH4 fluxes between the land surface and atmosphere were measured using a 
custom-built vented canopy chamber as in Whiting et al. (1991). The volume of the chamber 
was 1 m3 and consisted of an open path CH4 analyzer (LI-7700, LI-COR, Inc., Lincoln, NE USA) 
and open path CO2/H2O infrared gas analyzer (LI-7500A IRGA, LI-COR, Inc.) mounted inside the 
enclosure. An interface unit (LI-7550, LI-COR, Inc.) mounted on the outside of the chamber  
recorded humidity-corrected CH4 concentrations at a rate of 5 Hz per second. The chamber was 
constructed using an aluminum frame with transparent Lexan and Propafilm (ICI Americas, 
Chicago, IL, USA) sides. The chamber had vents along the top that can be opened to allow for 
airflow through the chamber after placement but before measurements started.  The chamber 
had a 4-cm aluminum bottom edge to penetrate the soil and form a seal with the soil. Fans 
(12V DC) were mounted in the corners of the chamber to ensure proper gas mixing and to 
prevent large fluctuations in temperature. Prior to closing the vents, the temperature in the 
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chamber remained relatively stable and after the vents were closed temperatures increased 
<1°C min-1 inside the chamber. CH4 fluxes were calculated based on the linear rate of change of 
CH4 concentration over ~60 seconds following an initial mixing period as described previously 
(Hutchinson & Livingston, 1993). The initial mixing period (~60 seconds) was not included in flux 
calculations to avoid artificially high flux rates associated with soil disturbance or changes in 
pressure. An a priori, acceptable lower threshold r2 was set at 0.8 and any measurement below 
this threshold (23% of flux measurements) was discarded, ensuring diffusive fluxes were 
measured.  
To determine whether the surrounding landscape and grazing-based disturbance within 
wetlands impact net CH4 emissions, eight sets of measurements were made over two complete 
wet/dry seasons from 2013 until 2015 to capture temporal variation in wetland net CH4 fluxes 
(red arrows in Fig. 2).  Measurements taken between July and September represented wet 
season emissions and between November and March represented dry season emissions. For 
each sampling campaign, measurements were made between 10 am and 3pm over the course 
of 2-3 days provided similar weather conditions persisted. Wetlands for each treatment were 
sampled randomly at each sampling period to minimize confounding effects on fluxes resulting 
from daily variability. Measurements were completed within 1 hour for each wetland per 
sampling campaign. The chamber was randomly placed throughout the wetland without regard 
for canopy height or vegetation type. In all cases the canopy fit within the chamber, although 
efforts were made to prevent the vegetation from obscuring the open path of the CO2/H2O 
and/or CH4 sensor. The vegetation was never clipped. Within each wetland, 6 subplots of 4-5 
meters in diameter were used to capture spatial variation: 2 from the outer edge (shallow), 2 
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from a midpoint between the outer edge and center (intermediate), and 2 from the center 
(deep). Each spatial pair was averaged together for analysis.  
In addition to CH4, CO2, and water vapor fluxes, auxiliary measurements including soil 
volumetric water content (VWC), soil and air temperature, and air humidity were collected for 
each measurement including for both flooded and non-flooded conditions. These parameters 
were measured at each wetland sampling location using handheld soil moisture and 
temperature sensors (HydroSense II attached to a CS658 probe with 20-cm long rods, Campbell 
Scientific, Logan, UT, US; and a HH-23 Handheld Thermometer attached to a 20-cm K type 
probe, Omega Engineering Inc., Stamford, CT, USA). We adjusted the sensor calibration based 
on soil type. For our particular soil type the sensor had a range of 0% - 40% VWC, where above 
40% indicated inundation. Air temperature was measured in real time directly inside the 
chamber to ensure that temperatures did not increase > 5 °C (109 Temperature Probe, 
Campbell Scientific) and humidity was accounted for directly from the IRGA. 3 fans were 
installed to help regulate the chamber temperature and humidity.  
 
2.3.3 Soil and biomass sampling and analysis 
Two soil cores were sampled to a depth of 50 cm from each measurement location 
(shallow, intermediate, deep) and sample date for each wetland and divided into 0-25 cm and 
25-50 cm layers for mineral soil N (NO3- and NH4+) analysis. Samples were first pushed through 
a 2mm sieve to remove roots and then oven dried at 105 °C for at least 24 hr. For each core, 
mineral soil N was measured on 10 g subsamples for each layer using an extractant prepared 
with 2 M KCl and de-ionized water (Keeney & Nelson, 1982). Soil and extractant were combined 
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and shaken for 1 hour. Samples were gravity-filtered through Whatman 42 filter paper (GE 
Healthcare, Buckinghamshire, UK). Nitrate (NO3-) was measured via cadmium reduction on a 
Lachat Quickchem 8000 and ammonium (NH4+) was determined fluorometrically using 
TurnerDesigns Trilogy fluorometer (Holmes et al., 1999). Additionally, as part of routine 
wetland surveys conducted frequently at BIR (2006-2009), soil samples were taken from the 
same corresponding wetlands in this study and measured for mineral soil N (NO3- and NH4+) and 
were used for comparison purposes (Ho et al., 2018). 
Above and belowground biomass and litter were collected from all wetlands in 
September 2015. Aboveground biomass was taken from each sampling point and wetland and 
determined by destructive harvest using a 0.5 m2 PVC quadrant. Biomass was sorted and 
samples were dried at 60 °C until constant dry weight. Concurrently, within the same quadrant, 
three soil cores down to 50 cm were collected for belowground biomass. Soil cores were 
separated into 0-25 cm and 25-50 cm increments and pushed through a 2mm sieve. Roots were 
sorted into fine roots (<1mm diameter) and coarse roots (>1mm diameter) and oven dried at 
60 °C until constant dry weight. 
 
2.3.4 Statistical Analysis 
Mean CH4 fluxes were calculated as the average of the three locations (shallow, 
intermediate, deep) within each individual wetland and then averaged together per treatment 
or season (wet vs. dry). For spatial differences in CH4 fluxes, two replicates for each sampling 
location were averaged together for a total of 3 sampling locations (shallow, intermediate, 
deep) per wetland. Differences in discrete CH4 fluxes, above and below ground biomass, and 
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nutrient content between treatments were tested by complete block 2-way repeated measures 
ANOVA with season and the interaction of treatments (pasture type/grazing type) as fixed 
factors. The relationship between mean soil temperature, moisture, and CH4 fluxes was 
evaluated using the Spearman Rank Order Correlation, a non-parametric test. All statistical 
tests were conducted using R (R Studio, 2015).  
 
2.4 Results 
2.4.1 Meteorological and Environmental Conditions 
This study took place between July 2013 and March 2015 and spanned two complete 
wet (May - Oct)/dry (Nov – April) seasonal cycles. The daily mean temperatures throughout this 
experiment fell within the historical, 30-year mean daily range of temperatures, although the 
daily mean and maximum temperatures often deviated from the historic range (Fig. 2). 
Historically, cumulative precipitation during wet seasons (1008.3 mm) exceeded that of 
the dry seasons (340.3 mm). Over the duration of this study mean cumulative precipitation in 
both the wet (1168.4 mm) and dry (366 mm) seasons was slightly wetter than average historical 
trends. For the wet seasons, cumulative precipitation was greatest in 2013 (1376 mm) and 
lowest in 2015 (1079 mm; Fig. 2). For the dry seasons, cumulative precipitation was greatest in 
2015 (488 mm) and lowest in 2013 (236 mm; Fig. 2). Over the years studied, cumulative 
precipitation during the wet season ranged between 85% and 68% of the total annual rainfall 
(Fig. 2).  
Pasture type influenced both soil temperature and moisture content of wetlands, 
particularly during wet seasons. During the wet season, semi-native wetlands were warmer and 
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drier than improved wetlands (p<0.05; Fig. 3A & 3B). During the dry seasons, soil moisture and 
temperature were similar between wetland type (Fig. 3A & 3B). There was no discernable 
treatment effect of grazing on either soil temperature or moisture. At a seasonal scale, soils 
were warmer and wetter during the wet than the dry seasons (p<0.05; Fig. 3A & 3B). 
 
2.4.2 Net CH4 fluxes  
CH4 emissions were higher in improved compared to semi-native wetlands during the 
wet season and similar between wetland types during the dry season (Fig. 3C). Over the course 
of the study, average CH4 emissions from improved wetlands (2.82 μmol m-2 s-1) were 4-fold 
greater than that of semi-native wetlands (0.75 μmol m-2 s-1; p<0.05; Fig. 3C). Differences in CH4 
fluxes between grazed and ungrazed wetlands were not observed. Averaged within each 
season, wetlands were sources of CH4 during both the wet season (1.77 μmol m-2 s-1) and 
during the dry season, but to a much lower extent (0.12 μmol m-2 s-1; Fig. 3C).  
The flux of CH4 to the atmosphere increased with both soil moisture (r2 = 0.56 using 
Spearman’s Rank Order Correlation) and temperature (r2 = 0.49; Fig. 4). Wetlands became a 
high source of CH4 when thresholds in soil temperature and moisture were reached of ~24 °C 
and ~38 %, respectively (Fig. 4). These thresholds and correlations did not vary between 
wetland type and grazing treatment (data not shown). 
Emissions of CH4 were greater in the deep and intermediate depth locations of improved 
wetlands than of the corresponding locations in semi-native wetlands, but they were similar in 
the shallow sampling locations during the wet season (Fig. 5C). Grazing did not alter CH4 
emissions across the hydrological gradient in wetlands (data not shown). During the wet 
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season, the highest mean emissions were from the deep (2.90 μmol m-2 s-1), followed by the 
intermediate (1.69 μmol m-2 s-1), and shallow (1.25 μmol m-2 s-1) locations (Fig. 5C). For all 
wetlands, spatial variability in CH4 emissions was lower during the dry season than during the 
wet season. Emissions from the deep locations of improved wetlands were higher than semi-
native wetlands (Fig. 5C). Wetland emissions were higher at the deep locations than the 
intermediate and shallow locations of wetlands within the same pasture type (p<0.05; Fig. 5C).  
Spatially, soil temperature varied by season, but remained constant from the shallow to 
the deep wetland locations regardless of treatment (Fig. 5A). Spatial differences in mean soil 
moisture between treatments were detected during the wet season, however the deep 
locations of improved wetlands had the highest overall soil moisture content during both the 
wet and dry seasons (Fig. 5B). When treatment variables were excluded from analysis and all 
spatial values during the wet season were averaged based on location, significant differences 
arose between the deep vs. intermediate and deep vs. shallow locations, but not the shallow 
vs. intermediate locations (p<0.05; Fig. 5B). In contrast, soil moisture spatial differences were 
detected within the footprint of all wetlands and between each location with the highest soil 





2.4.3 Aboveground biomass 
Average green aboveground biomass was almost 2-fold higher in improved (235.2 g DW 
m-2) compared to semi-native wetlands (128.8 g DW m-2) (p<0.05; Fig. 6). Grazing had no 
detectable effect on green aboveground biomass. Litter biomass was not statistically different 
between improved than semi-native wetlands. Surrounding pasture type and grazing had a 
strong influence on the ratio of green to litter biomass, which was higher in grazed improved 
wetlands (1.87) than grazed semi-native wetlands (0.94) (p<0.05; Fig. 6). Average aboveground 
green biomass was consistently higher in the deep for both wetland types (improved and semi-
native) and decreased moving towards the shallow outer edges (p<0.05; Fig. 7).  
 
2.4.4 Belowground biomass 
Coarse root biomass in the top 25 cm of the soil column was greater in improved 
wetlands than semi-native wetlands (p<0.05; Fig. 8), and was similar between wetland types at 
25-50 cm soil depth. Fine root biomass in the top 25 cm and 25-50 depths was similar between 
treatments. Across all treatments, belowground biomass was much greater in the top 25 cm 
(125 mg DW m-2) than the 25-50 cm (28 mg DW m-2) depths (P<0.05; Fig. 8). Grazing did not 
influence belowground biomass for either wetland type or root size. 
 
2.4.5 Nutrients: NH4+, NO3- 
Pasture type and grazing did not influence wetland soil ammonium (NH4+) or nitrate 
(NO3-) concentrations (p < 0.05; Fig. 9). Across all treatments, soil NH4+ and NO3- concentrations 




The main objective of this research was to assess the impact of intensive management 
decisions associated with subtropical pastures on embedded wetland CH4 emissions. Intensive 
management of surrounding land associated with maximizing cattle production (improved 
pastures) increased net CH4 emissions from embedded wetlands relative to wetlands nested in 
land less intensively managed (semi-native pastures) during the wet season (Fig. 3C). During the 
dry season, however, emissions of CH4 from improved and semi-native wetlands were similar, 
indicating the major role of soil hydrology driving CH4 dynamics of subtropical wetlands. 
Grazing of wetlands had no detectable impact on CH4 fluxes from this system (Fig. 3C), although 
the direct impact of enteric methane emissions and short-lived soil disturbance associated with 
cattle movement was not measured. Fluxes of CH4 had marked seasonality with higher 
emissions when soils were wet and warm, consistent with studies from the same region 
(Chamberlain et al.,2015; Gathumbi et al., 2005; Wang et al., 2006). Average net CH4 emissions 
from the wetlands were within values reported for natural and artificially created wetlands 
from tropical and subtropical regions (0 - 0.76 μmol CH4 m-2s-1; Boon & Mitchell, 1995; Kayranli 
et al., 2010; Marín-Munez et al., 2015; Nahlik & Mitsch, 2011; Nicoliniet al., 2013; Ortiz-Llorente 
& Alvarez-Cobelas, 2012; Turetsky et al., 2014), although wet season means were at the high 
end of the reported range.  
The intensive management of improved pastures consists of fertilizing pastures to 
support high cattle stocking rates (Boughton et al., 2011a). Long-term addition of fertilizer to 
pastures increases total biomass (Fig. 6) and alters plant species composition (see Boughton et 
al., 2011a) in improved relative to semi-native wetlands. Both changes in biomass and in 
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vegetation composition could have major impacts on CH4 emissions from wetlands (Turetsky et 
al., 2014). Increases in above- and belowground biomass can increase C inputs to soils via 
greater root exudation and litter, fueling decomposition and thus CH4 production (Whiting & 
Chanton, 1993; Whiting et al.,1991).  
Vegetation can act as a conduit for transport of CH4 from the soil to the atmosphere 
(Dalal et al., 2008; Ding et al., 2005; King et al., 1998; Okazaki et al., 1998; Whiting et al., 1991). 
Plant functional groups differ in their ability to transport CH4 with graminoids exhibiting greater 
internal CH4 transport than forbs (Bhullar et al., 2013). At our study site, Juncus effuses (Juncus), 
a graminoid, is more dominant in improved/grazed wetlands than semi-native wetlands 
(Boughton et al., 2011a; Ervin & Wetzel, 2002; Gathumbi et al., 2005; Tweel & Bohlen, 2008), 
and is known to transport CH4 through plant mediated transport directly from the production 
site to the atmosphere (Dalal et al., 2008; Henneberg et al,. 2015a; Henneberg et al,. 2015b ; 
Petersen et al., 2012; Ström et al., 2015). While Juncus is dominant in the improved and grazed 
wetlands, it is neither clear which species it may be replacing nor whether it can explain the 
higher CH4 emissions from these wetlands. Other productive graminoids in these wetlands have 
been shown to transport CH4, including Panicum hemitomon (Ho et al., 2018; Rietlet al., 2017). 
The extent to which P. hemitomon and Juncus offset each other over the different treatments, 
as well as their relative influence in methane transport, are unknown; however, changes in the 
relative richness or total biomass of these two species may explain some of the observed 
results (Fig. 6 & 8; Boughton et al., 2010). The combination of increased carbon availability and 
species that promote plant mediated transport in improved wetlands may also have 
contributed to increased CH4 emissions compared to semi-native wetlands supporting the 
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emerging view that species composition can have a direct impact on CH4 dynamics (Turetsky et 
al., 2014). 
The surrounding land uses may also impact the production of CH4 through nutrient 
dynamics. The application of fertilizers can stimulate both biomass productivity and microbial 
activity, particularly methanotrophs, which would lead to a net reduction of CH4 emissions from 
wetlands in improved pastures (Banger et al., 2012). While total soil nitrogen was historically 
higher in improved wetlands at our study site (e.g. Bohlen & Gathumbi, 2007), mineral soil 
nitrogen was similar across all treatments over the course of this study (e.g. from 2013 to 
2015), perhaps due to higher biomass in the higher-nutrient fed improved pastures. Therefore, 
it is likely that the observed increase in CH4 emissions from the improved wetlands constitutes 
a combination of factors that include interactions between microbial populations, plant 
biomass and micrometeorological conditions. Given this complexity, additional research on 
methanogenesis and methane oxidation is required .  
Significant flooding which leads to anaerobic soil conditions is a major driver of CH4 
fluxes (Altor & Mitsch, 2008; Chamberlain et al., 2016; Martikainen et al., 1995; Torn & Chapin, 
1993) and could influence both soil anaerobic environment and plant biomass. Higher soil 
wetness was observed in improved wetlands relative to semi-native wetlands (Fig. 3A & 3C), 
likely as a function of more irrigation and artificial canals facilitating flow into wetlands. In 
addition to the impact of fertilization, higher biomass in improved wetlands could be explained 
by increased water availability, which could increase carbon inputs into the wetland and 
provide more labile substrate for methanogenic bacteria, driving higher CH4 emissions.  
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While higher temperatures generally lead to greater CH4 emissions from wetlands, the 
higher CH4 emissions were observed from improved, rather than semi-native, wetlands despite 
semi-native wetlands being warmer than improved wetlands (Fig. 3A). This suggests that 
temperature is less critical than water availability and/or plant litter providing fuel for 
methanogenesis. The soil temperatures when CH4 emissions were greatest were also well 
within optimum range for methanogenesis, typically from 20-30 °C (Dunfield et al., 1993; Inglett 
et al., 2012). These results likely suggest that if the two wetland types were similar in 
temperature, the differences in methane fluxes would be greater than observed. 
Minimum threshold values of soil moisture and soil temperature were required before 
emissions of CH4 were detected (Fig. 4). The soil moisture threshold (VWC > 38 %) was more 
defined, with a rapid increase in emissions after the threshold was reached, compared with soil 
temperature which showed a gradual increase between temperatures ranging from 24 to 32 °C, 
consistent with previous reports (Dunfield et al., 1993; Inglett et al., 2012). These thresholds 
were not affected by treatment type and are consistent with previous findings that describe the 
relationship between CH4 emissions and soil moisture and temperature in tropical and 
subtropical regions (Teh et al., 2017; Turetsky et al., 2014).  
The presence of cattle in wetlands showed no observable impact on CH4 emissions, soil 
wetness, or above- or belowground biomass. Previously reported methane emissions from 
grazed and ungrazed pastures at the same study site show cattle increase soil CH4 emissions 
and soil wetness while lowering biomass (Gomez-Casanovas et al., 2018). The different 
responses in CH4 emissions between pastures and wetlands, where no grazing responses were 
observed, can be potentially explained by the methodology and on the relative impact of 
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grazers on plant species and the microenvironment. Grazing significantly reduces biomass in 
pastures which leads to higher soil moisture (Gomez-Casanovas et al., 2018). High soil moisture 
is a dominant feature of wetlands independent of grazing pressure. Thus, cattle presence in 
pastures can lead to higher soil moisture and thus higher CH4 emissions compared to non-
grazed pastures whereas cattle have little to no impact on soil moisture in wetlands. 
Differences may also be strongly driven by the species present in pastures vs. wetlands, which 
are functionally quite dissimilar (Ho et al., 2018). Grazing impacts the species richness and 
diversity in wetlands and pastures, but the dominant species are highly variable. Finally, the 
conclusions from the pasture research are based on eddy covariance measurements which will 
include, to some extent, enteric CH4 emissions and the direct impact of soil disturbance from 
cattle movements (Gomez-Casanovas et al., 2018) whereas the chamber-based measurements 
exclude these factors. 
The challenge of inferring wetland-scale fluxes from chamber-based measurements in a 
replicated field-based design carries important limitations. As a large field experiment including 
16 wetlands, there are sources of variation and confounding factors that should be considered 
when interpreting the results. First is that the measured fluxes only represent point-based 
measurements and may not extrapolate over time and space. Variation in fluxes were observed 
based on where measurements were made ranging from the shallow to the deep parts of each 
wetland (e.g., Fig. 5C), which is why subsampling at each location was performed. However, 
each water ‘depth’ is not represented equally within or between wetlands. Furthermore, 
measurements were collected over time to represent a range of environmental conditions but 
did not encompass the entirety of conditions that occurred over the duration of the 
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experiment. Similar to previous studies focusing on point-based measurements of key 
ecosystem fluxes (e.g., Gomez-Casanovas et al., 2013), this experiment was not intended to 
pursue temporal integration of CH4 fluxes but rather assess how point-based measurements 
vary among treatments. There are also sources of variation from land-history that need to be 
considered. The wetlands used in this experiment were, a priori, selected based on similar size, 
shape, and hydroperiod. Nevertheless, variation in environmental factors drive experimental 
error that can only be accounted for through statistical estimates of variance. Such factors may 
include fire as a dominant feature of the subtropical grassland biome, influence of non-bovine 
fauna, variation in rainfall or flooding patterns, and a wide range of other factors.  The wetlands 
in this study were never burned throughout the duration of this experiment. However, given 
the random assignment of the scattered wetlands into treatments, any factors that impact the 
fluxes from the wetlands that cannot be directly accounted for will add to statistical error 
estimates, thereby suggesting a more conservative analysis. Finally, the measurement 
technique of placing a canopy chamber into the wetland may have forced ebullition of methane 
from soils where the chamber bottom contacts the soil. However, the chambers were allowed 
to vent to the atmosphere prior to the initiation of measurements and the technique quantifies 
fluxes based on the slope of CH4 accumulation once the chamber is sealed. The fluxes were 
calculated only when the accumulation of methane over time had an r2 greater than 0.8 which 
removed conditions when stepwise changes in CH4, consistent with ebullition, were observed 





Wetlands are known to impact the global C and CH4 budget, however a scarcity of data 
exists that quantify fluxes particularly related to how changes to the surrounding landscape 
affect emissions. Here, intensive management practices of surrounding land were shown to 
impact CH4 emissions of embedded wetlands, specifically during the wet season. Unlike 
subtropical pastures (Gomez-Casanovas et al., 2018), the results showed that grazers do not, at 
least indirectly, alter CH4 emissions from subtropical wetlands. At a daily scale, soil CH4 
emission was modulated by changes in soil temperature and moisture, with the largest 
emissions during periods of high soil wetness and temperature. Although the wetland type, 
agriculture, and management intensity here may carry similarities with wetlands in many 
tropical and subtropical locations, they are dramatically different from wetlands found in other 
biomes. Our results show that management of land can have implications for embedded 
wetlands, however, whether this is true for all wetland types and characterizations requires 
more study. Our experiment measured CH4 fluxes at multiple time points for all treatments, 
with each measurement campaign being measured over a very short time period to minimize 
temporal variation. These measurement periods, however, represent only a snap-shot in time 
which raises a critical question of how these treatments may impose significant differences in 
CH4 fluxes during periods of highly episodic CH4 emissions. Practically, these results suggest that 
the interaction between agricultural practices and wetland functioning need to be represented 
in biogeochemical models. The lack of representation of this interaction limits the ability to 
predict intensification effects on CH4 source/sink dynamics with agricultural, particularly with 
intensification to meet growing agronomic demands associated with a rising population (FAO, 
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IFAD, unicef, WFP, 2018). Furthermore, policy decisions to protect wetlands, or to minimize 
their contribution to global CH4 emissions, may need to consider land management beyond the 




2.7 Figures  
  
 
Figure 1. Map of the study site, Buck Island Ranch (BIR) in Florida, USA. Wetlands are 
used for this study are outlined in black and are located in either improved pastures 
(dark grey) of semi-native pastures (light grey). The dark boxes surrounding certain 






Figure 2. Daily average of temperature and precipitation over the 
three years of this experiment as well as historical trends. Mean daily 
measured temperatures (black line) and daily temperature ranges 
(grey bars) overlay 30-year mean temperature ranges (red bands). 
Daily precipitation is denoted by black bars. The graph areas between 
the two vertical lines denote the defined wet season. Daily and 
historical temperature and rainfall obtained from the Midwest 
Regional Climate Center (https://mrcc.illinois.edu/CLIMATE/). Flux 






Figure 3. Average (A) soil temperature (oC), (B) soil moisture 
(VWC), and (C) net CH4 flux (μmol m-2 s-1) for each treatment, 
improved/grazed, semi-native/grazed, improved/ungrazed, 
and semi-native/ungrazed, during the wet (May – October) 
and dry seasons (November – April) over the course of this 
study. Different letters denote significance between seasons 
(uppercase letters) and between treatments within season 
(lowercase letters; p<0.05). Error bars represent the standard 





Figure 4. Relationship of soil moisture content (VWC) and soil 
temperature (oC) on net CH4 fluxes (μmol m-2 s-1) for improved and 
semi-native wetlands over the course of the study. The 3-D plane 
represents a Lorentzian Regression fitted to all data using a graphing 






Figure 5. Within wetland spatial differences in average (A) soil 
temperature (oC), (B) soil moisture (VWC), and (C) net CH4 fluxes (μmol 
m-2 s-1) in semi-native and improved wetlands from the outer edge 
(shallow), a mid-point between the outer edge and the center 
(intermediate), and the center (deep) during the wet (May – October) 
and dry seasons (November – April). Capital letters denote differences 
between wetland location regardless of wetland type while lower case 
letters denote differences between wetland type and location 





Figure 6. Above ground biomass including living green and litter biomass, as well as the ratio 
(green/litter) for each treatment. Wetland treatments are as in Fig. 3. Different letters 







Figure 8. Belowground biomass including coarse and fine roots at two depth 
intervals (0-25 cm, 25-50 cm) in the soil profile for wetland type (improved and 
semi-native wetlands). Different lowercase letters denote significance between 
depth in the soil profile while different uppercase letters denote significance 
between wetland type (p<0.05). Error bars represent the standard error of the 
mean. 
Figure 7. Spatial differences in aboveground green biomass in improved and semi-native 
wetlands from the outer edge (shallow), a mid-point between the outer edge and the 
center (intermediate), and the center (deep). Different letters indicate significance (p<0.05). 






Figure 9. Mean soil nitrogen content including NH4+ and NO3- at two depths in the 
soil profile (0-25 cm, 25-50 cm) for each wetland type (improved and semi-native 
wetlands). Capital letters denote significance between soil depths (p<0.05) while 
lower case letters denote significance between wetland type and associated 
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Chapter 3: The impact of agricultural intensification on microbial diversity and sustainability 
of embedded subtropical wetlands 
 
3.1 Abstract 
Wetlands embedded in agricultural systems are indirectly subject to the same 
management intensities of the surrounding landscape. Soil microorganisms are essential 
components regulating biogeochemical and ecosystem-level processes. Insights into patterns of 
microbial diversity and population assembly may provide valuable information for estimating 
ecosystem responses at various spatial, temporal, and disturbance-based scales. However, it 
remains unclear the degree pasture management impacts the microbial populations of 
embedded subtropical wetlands. The objectives of this study were to assess the impact that 
agricultural management had on the diversity and composition of wetland microbial 
populations, and whether response patterns at the ecosystem level reflect those at the 
microbial level. This research demonstrates the benefits of using a combination of alpha (α) and 
beta (β) diversity indices to disentangle the effects of gamma (γ) diversity as well as highlight 
process-based changes to community structure. Management strategies used to optimize cattle 
production drove systematic changes to the diversity and composition of wetland microbial 
populations. These included altered structural assembly mechanisms that favored the selection 
of non-random, highly common species robust enough to withstand disturbance pressures. In 
contrast, the microbial populations of semi-native wetlands were highly variable and assembled 
through random drift and dispersal mechanisms. These results identify diversity and 
compositional changes in wetlands exposed to high management intensity and likely warrant 





Quantifying the relationship between biological diversity and the influence of 
disturbance is key to determining the susceptibility of ecosystem functionality under stress. This 
is particularly important today given the global climate crisis that threatens to irreversibly alter 
ecosystems. Of immediate concern is addressing the potential compounding effects of global 
change and the increasing disparity between available food, available land for expansion, and 
population growth (Turner et al., 2007). Insights into functional and structural responses at all 
trophic levels are imperative to identify the most vulnerable ecosystems and begin to form 
comprehensive understandings of process-based changes with the ultimate goal of narrowing 
the scope of mitigation efforts to those best suited to specific systems.  
Understanding the impact of estimated future global conditions and localized 
disturbance on ecosystem properties (i.e. soil & water quality, nutrient cycling, biodiversity) has 
been a topic of interest for many years (Balvanera et al., 2006), and with great success. This is 
particularly true in quantifying the responses of temperate agricultural and forested 
ecosystems to the detrimental effects estimated under future climate scenarios (i.e. increased 
incidences of extreme temperature and drought). However, ecosystems around the World face 
similar threats. If positive feedbacks to the global system that arise from agricultural 
intensification to match population growth and landscape degradation from agricultural 
expansion are allowed to continue unimpeded, the risk of irreversible damage to Earth is 
inevitable. Attention has begun to shift towards understanding broad impacts imposed on 
whole landscapes and inevitably requires including grasslands from areas generally 
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underrepresented (i.e. tropical and subtropical regions) and wetland ecosystems. Accurate 
methods that combine measurements, estimates, and predictions of these interactions are 
invaluable, especially now when convincing the general public of the real threats we face has 
become one of the biggest obstacles in addressing sustainability, even more so than global 
change. Often lacking though, are whole ecosystem outlooks on not only what changed, but 
how and why it changed from both micro and macro perspectives. 
Soil microorganisms are essential regulators of biogeochemical and ecosystem-level 
processes including nutrient cycling, soil quality, and decomposition (Balvanera et al., 2006; de 
Vries et al., 2013; Wright & Reddy, 2001). Enormous population sizes and geographical 
distributions generate overwhelming functional and compositional variability; constituting the 
largest proportion of Earth’s biodiversity (Fierer et al., 2009). Despite this, conservation and 
biodiversity research frequently excludes microorganisms. Until recently, methodological 
limitations presented a major challenge inhibiting focused research into microbial population 
dynamics. This was largely due to an inability to resolve finite differences, including whether 
sheer populations sizes, extensive diversity, and functional redundancy inherent to microbial 
populations act to buffer and absorb external pressures rather than reflect change. As a result, 
the importance of soil microbial populations and the potential power for use as a predictive 
tool remained underappreciated (Allison and Martiny, 2008; Wright and Reddy, 2001). 
Consequently, the diversity, abundance, and interaction of microorganisms are rarely 
considered in ecosystem and global process-based models making it difficult to relate microbial 
characteristics to environmental, physical, or disturbance-based responses (Crawford et al., 
2005; Torsvik, 2002). However, as technological advances have permitted the development of 
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ultra high-resolution instruments, rapid advances in genomic analyses are beginning to bridge 
the theory of microbial interactions at ecosystem scales with direct observations. 
Broadly, the relative performance of an ecosystem depends in part on maintaining a 
productive and stable balance between biodiversity and the functional characteristics of 
organism’s present (Bell et al., 2005; Giovannoni, 2004). Observed for the first time under 
controlled experimental conditions, Naeem (1994) manipulated plant and animal diversity to 
create microcosms with variable levels of biodiversity. The authors identified positive 
relationships between plant productivity and ecosystem processes; however lost biodiversity 
led directly to altered or impaired ecosystem performance (Naeem et al., 1994). However, 
factors such as biotic and abiotic perturbations have been shown to alter the abundance, 
diversity, and functionality of organisms from all trophic levels (Dornbush and von Haden, 
2017).  
Specific to microbes, Li et al. (2019) found an inverse relationship between salinity 
concentrations and microbial diversity in coastal wetlands . The authors concluded that 
decreased nutrient availability, and not seasonal temperature fluctuations, was the main cause. 
In contrast, temperature and water availability are often shown to be primary factors causing 
seasonal and spatial variability in soil microbial populations (Barnard et al., 2013; Fierer & 
Jackson, 2006).  
The influence of seasonal fluctuations in diversity has recently caught the attention of 
researchers. In one case, Barnard (2013) exposed bacterial communities to multiple dry-down 
and re-wetting events over the course of a summer. Following severe dry-down events, the 
authors observed population wide compositional changes; only for populations to then return 
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to pre dry-down conditions a few hours after re-wetting. Furthermore, the authors observed 
opposing responses from the most abundant phyla, Acidobacteria and Actinobacteria; 
concluding that differential responses to predicted future precipitation changes will likely affect 
soil nutrients and carbon cycling. In effect, biotic and abiotic conditions that cause dynamic 
changes in diversity become much less predictable when an external disturbance event occurs 
(Barnard et al., 2013).  
 Disturbance is broadly defined as a discrete event that causes change, and is widely 
believed to be the main factor influencing variation in diversity (Connell, 1978; Grime, 1973; 
Huston, 1979). Following a disturbance event, changes to community structure including 
species richness, biomass or impaired functionality, are often attributed to diminished resource 
availability and altered physical environment (Naeem et al., 1994; Mackey & Currie, 2001; 
Hooper et al., 2005; Svensson et al., 2009). However, an ecosystem’s response to disturbance 
takes many forms and often reflects the intensity and duration of the event (Berga et al., 2012). 
To date, many theories are used to explain how disturbance shapes microbial populations, 
however, there exists no universal answer (Mackey & Currie, 2001). One theory, the 
‘intermediate disturbance hypothesis’ (IDH), describes the relationship between disturbance 
and biodiversity as a unimodal distribution (Grime, 1973). Diversity is low when disturbance 
intensity is low because the most abundant competitors persist. At high disturbance levels, 
trade-offs between the ability to compete and the ability to tolerate disturbance prevents the 
dominance of individual species. According to IDH, maximum diversity should be reached at 
intermediate disturbance levels that favor the coexistence of dominant and disturbance-
tolerant species. To support this hypothesis, Galand et al. (2016) simulated swell events to 
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examine response patterns of microbes in coastal marine sediments. They show that high 
disturbance levels increased microbial diversity in the form of higher abundance and 
phylogenetic variability; concluding that disturbance promoted the cohabitation of ecologically 
distinct microorganisms and their findings were within the context of IDH. Nonetheless, there 
exists a large knowledge gap regarding the impact of disturbance on microbial communities, as 
outlined in a recent literature review (Mackey and Currie, 2001b). 
Humans continue to reduce global biodiversity through agricultural expansion (Banerjee 
et al., 2019; Brown & Schulte, 2011; Dornbush & von Haden, 2017; FAO, 2018). Several recent 
studies show agricultural intensification and land-use change has simplified soil microbial 
composition and diversity (Dornbush & von Haden, 2017), including decreased abundances of 
keystone taxa (Banerjee et al., 2019). Known as ecosystem homogenization, this phenomenon 
is often associated with impaired ecosystem functionality such as diminished plant diversity and 
nutrient retention (Dornbush & von Haden, 2017).  
In Chapter 2, I demonstrated a positive relationship between management intensity 
surrounding wetlands and CH4 emissions that was likely driven by hydrological changes and the 
homogenization of plant community composition (Boughton et al., 2010; Gathumbi et al., 2005; 
DeLucia et al., 2019). In effect, the homogenization of plant community composition represents 
an above ground diversity response to disturbance that caused functional changes to the 
inhabiting microbial populations; potentially linking above- and below- ground response 
mechanisms. Despite substantial mitigation efforts, wetlands globally continue to be exposed 
to the pressures of anthropogenic activities. Uncovering the responses of wetland microbial 
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communities to intensification of the surrounding land is a major step towards understanding 
changes in wetland functionality and processes that impose them. 
The objectives of this study were to pair observed microbial composition with various 
measures of diversity to assess the impact agricultural management had on shaping embedded 
wetland microbial populations. Additionally, the extent microbial populations reflected 
response patterns at the ecosystem level, including homogenized plant communities , was 
explored. Lastly, spatial and temporal variation in microbial diversity was examined in order to 
disentangle structural assembly processes.  
 
3.3 Materials and methods 
3.3.1 Site description  
For an in-depth description of the study area, climate, wetland classification, and 
management type please see the methods section of Chapter 2. Briefly, our study site is located 
at Archbold Buck Island Ranch (BIR) in Lake Placid, Florida. The site is an operational 4252 ha-1 
cattle ranch with small ephemeral wetlands <100m covering approximately 16% of the 
landscape. The climate is sub-tropical and experiences two seasons: a wet season with high 
precipitation and temperatures and a dry season with lower precipitation and temperatures. 
Two pasture management strategies were previously implemented at our study site to study 





3.3.2 Soil collection and preparation 
Soils were sampled to a depth of 20 cm and collected over the course of two years 
(2016-2018) to capture seasonal variability. Soils were collected from four locations per 
wetland, two from each of central (inner) and peripheral (outer) locations, to capture spatial 
heterogeneity in microbial composition. Soils from the same corresponding locations were 
combined and homogenized to form one sample prior to analysis. Soils were taken from 10 
wetlands for microbial analysis: representing improved (n=5) and semi-native (n=5) wetlands 
across two seasons (dry and wet) and two locations (inner vs. outer).  
 
3.3.3 DNA extraction and 16S rDNA Sequencing 
1.0 mg soil samples were suspended in 9 mL of liquid DNA/RNA shield and sent to 
ZymoBIOMICS for targeted metagenomic sequencing (Zymo Research, Irvine, CA). DNA 
extraction was performed using ZymoBIOMICS® -96 MagBead DNA Kit. The DNA samples were 
prepared for targeted sequencing using the Quick-16S™ NGS Library Prep Kit (Zymo Research, 
Irvine, CA). Primers were custom designed by Zymo Research to provide the best coverage of 
the 16S gene while maintaining high sensitivity. The 16S gene is highly conserved and was 
applied to both bacteria and archaea sequencing. The primer set used for this project was the 
Quick-16S™ Primer Set V3-V4 (Zymo Research, Irvine, CA).  
Amplification of samples were collected at various cycles once sufficient amplification 
occurred, typically between 18 to 22 cycles or 42 cycles if no amplification occurred. 
Quantitative real-time PCR was set up with a standard curve. The sequencing library was 
prepared using an innovative library preparation process in which PCR reactions were 
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performed in real-time PCR machines to control cycles and therefore limit PCR chimera 
formation. The final PCR products were quantified with qPCR fluorescence readings and pooled 
together based on equal molarity. The final pooled library was cleaned with Select-a-Size DNA 
Clean & Concentrator™ (Zymo Research, Irvine, CA), then quantified with TapeStation® (Agilent 
Technologies, Santa Clara, CA) and Qubit® (Thermo Fisher Scientific, Waltham, WA). The final 
library was sequenced on Illumina® MiSeq™ with a v3 reagent kit (600 cycles). The sequencing 
was performed with >10% PhiX spike-in. 
 
3.3.4 Bioinformatics 
  Unique amplicon sequences were inferred from raw reads using the Dada2 pipeline 
(Callahan et al., 2016). Chimeric sequences were also removed with the Dada2 pipeline. 
Operational taxonomic units (OTUs) were defined at a sequence identity level of >97%. 
Sequences with less than 11 total counts were excluded. No soil samples were removed due to 
small read numbers indicating nearly all microbial species were sequenced per samples.  
Taxonomic assignments were performed by Uclust from Qiime v.1.9.1 using the Zymo 
Research Database, a 16S database that is internally designed and curated. Sample rarefaction 
curves were generated to standardize sample raw read counts to the smallest sample (11,600 
raw reads) before diversity analysis. Alpha (α) and beta (β) diversity estimation and analyses 
were done using Qiime v.1.9.1 (Caporaso et al., 2010). All subsequent statistical analysis was 
conducted in R version 3.3.2 (http://www.r-project.org/) as well as the vegan R-package 2.4.1 




3.3.5 Microbial composition 
Prior to analysis, Shapiro-Wilk's and Bartlett’s test were used to ensure the assumptions 
of normality and equal variances were met. The main effects of management intensity, season, 
and location on wetland microbial composition was examined using the non-parametric 
Kruskal-Wallis test. Principal Component Analysis (PCA), an unconstrained ordination method, 
was used to visualize complex relationships in low dimensional space (principal components).  
Similarity Percentage Analysis (SIMPER) was used to determine taxonomic overlap 
between main effect (Clarke, 1993). This analysis calculates the percentage of shared OTUs 
between sample populations and identifies individuals that contribute at least 70% of 
differences between groups. The average of grouped samples indicates the compositional 
similarity between respective microbial populations. 
 
3.3.6 Alpha diversity (α) 
Alpha (α) diversity represents local diversity at the lowest spatial scale. The main 
components of α-diversity are richness; total number of unique taxa, and evenness; distribution 
of abundances among taxa (Jost, 2007). The following α-diversity indices were used in this 
study and include observed species richness (OBS) which places weight on richness, Shannon 
index places weight on richness and rare species, and Simpson’s dominance (Simpson’s d.) 
places weight on relative abundance and evenness. 
Hill numbers (equivalent species) were calculated for each α-diversity index used in this 
study including OBS (q=0), Shannon index (q=1), and Simpson d. (q=2), as well as progressively 
higher values of q (q → ∞) (Chao et al., 2014; Hill, 1973). See Appendix 1 for a comprehensive 
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explanation on estimating ecological diversity. Briefly, Hill numbers place common measures of 
diversity (α in this case) in the context of ‘true diversity’ (equivalent number of species) and 
permits direct comparisons across diversity indices (Hill, 1973). Hill numbers were used to 
examine potential discrepancies that may arise between α-diversity indices regarding weight 
placed on different components of diversity (Hill, 1973).  
The main effects of management intensity, season, and location on the α-diversity of 
wetland microbial populations were tested using the student’s t-test or Monte Carlo 
simulation. Interaction effects were tested by analysis of variance (ANOVA) and further 
examined using Tukey’s HSD test.  
 
3.3.7 Beta diversity (β): Bray-Curtis dissimilarity (βBC) 
Beta (β) diversity quantifies compositional similarities between microbial populations 
(sites or samples) (Daly et al., 2018). Bray-Curtis dissimilarity (βBC), a multivariate β-diversity 
index based on relative abundances and composition, was used to estimate β-diversity. βBC 
diversity was calculated from pair-wise dissimilarity matrices of all sample’s combinations. 
Values are limited to between 0 and 1 and represent the degree of compositional dissimilarity 
between samples. To evaluate compositional dissimilarities across effect-groups, individual βBC 
diversity dissimilarity means (within-site) were compared to averaged pair-wise dissimilarity 
means (between-site) (Sims, Gajaraj, et al., 2012; Sims, Horton, et al., 2012). If two sites (effect 
groups) are compositionally distinct, the average within-site dissimilarity ought to be less than 
the average between-site dissimilarity. Analysis of similarity (ANOSIM) was used to assess 
compositional differences in β-diversity among microbial populations. The ANOSIM R statistic of 
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‘0’ indicates completely random groupings, ‘1’ indicates complete separation among effect 
groups, and ‘< 0’ indicates dissimilarities are greater within-sites than between-sites. Next, non-
parametric permutational multivariate analysis of variance (PERMANOVA) test was used to 
evaluate significance (Anderson, 2001, 2006; Gijbels & Omelka, 2013). PERMANOVA computes 
a pseudo f value that describes the ratio of compositional dissimilarity within-sites to between-
sites, followed by 1000 permutation. Despite similarities, ANOSIM indicates compositional 
relatedness among predefined groups, however, it lacks statistical robustness. PERMANOVA is a 
powerful statistical tool that accounts for differences in within-site and between-site variability 
in multivariate space. Homogeneity of multivariate group dispersion (PERMDISP; Anderson, 
2006) was used to ensure dispersion differences did not affect the statistical outcome; 
analogous to Levene’s test for equality of variances.  
 
3.3.8 Beta diversity (β): Homogenization 
The degree of compositional variation (dispersion) was determined for all pair-wise 
main effects. PERMDISP was used to examine homogeneity in species composition among main 
effects groups (Anderson, 2006). Of note, a significant PERMANOVA result may indicate 
compositional dissimilarity was related to location (large differences within-site means around 
a common centroid), one of spread (large between-site sample dispersion), or both. However, 
the potential role of each can be parsed apart using the PERMDISP test (Anderson, 2006), a 
measure of the dispersion of grouped samples in multivariate space. In this context, a pseudo f-
statistic was calculated to compare the average distance of observation units to group medians 
or centroids, and then significance was tested by permuting appropriate residuals (9999 
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permutations). A significant result by PERMANOVA and non-significant difference in dispersion 
by PERMDISP would suggest significant separation between-site dispersion. Tukey’s HSD was 
used for further examination. 
To verify sample clustering of microbial populations and ensure relationships visualized 
on PCoA plots (Fig. 13 D,E,F) were not a function of large between-site variation, we clustered 
samples according to the K-means method (Forgy, 1965). The K-means method is a widely used 
technique to establish sample clustering based on environmental observations. First, initial 
groups are formed based on centroids of clusters. Next, the algorithm assigns each observation 
to the nearest group centroid, and then re-calculates a new centroid. This step is repeated until 
the centroids no longer move and sample group clusters are established.  
 
3.3.9 Beta diversity (β): Null model & Modified Raup-Crick (βrc) 
As β-diversity is conceptually linked to variation in α and γ diversity, it has become 
common practice to compare observed β-diversity differences to a null-model generated 
hypothesis (Chase et al., 2011). This approach permits hypothesis-based questions about 
possible underlying mechanisms including the relative importance of stochastic or deterministic 
properties for community assembly. For this study, a modified version of the Raup-Crick 
dissimilarity metric (βrc) was used (Raup & Crick, 1979; Chase et al., 2011). βrc deviation (βrc-dev) 
expresses the probability that any two null communities drawn at random from the γ species 
pool (total species richness) have the same number or more species in common than the 
observed communities. Scaled to between -1 and 1, a βrc-dev value of 0 indicates observed 
dissimilarity did not deviate from the null expectation (stochastic species dispersion); a value 
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approaching 1 indicates observed dissimilarity was higher than expected (community 
heterogeneity/deterministic); a value approaching -1 indicates observed dissimilarity was lower 
than expected (community homogeneity/deterministic) (Chase et al., 2011).  
The null model approach was used to ensure β-diversity estimates were not a function 
of fluctuations to the regional species pool (γ) or were not disproportionately influenced by 
richness differences within-sites (α). βrc-dev was then used to disentangle β-diversity to 
examine microbial community assembly processes related to compositional differences among 
groups. Whether βrc-dev was different from zero was tested using a two-tailed Wilcoxon 
signed-rank test followed by PERMANOVA to test for differences in sample deviation between 
effect groups following 9,999 permutations. 
 
3.3.10 Ordination plots and multivariate analysis 
Principal coordinate analysis (PCoA), principal component analysis (PCA), and non-
metric multidimensional scaling (NMDS) are unconstrained ordination methods used to 
visualize and examine the relatedness of population composition in low dimensional space. 
PCoA is a metric form of multidimensional scaling that attempts to best represent complex 
relationships on a reduced number of dimensions by ordering objects along the axis of new 
principal coordinates. PCoA plots were constructed to visualize the effects of management 
intensity, season, and location on Bray-Curtis dissimilarity (Fig. 13 A,B,C) and group dispersion 
(Fig. 13 D,E,F) calculated using the PERMDISP.  
PCA plots look for linear relationships between objects and variables in order to 
maximum explained variance in lower dimensional space (principal components) (Fig. 11 A,B,C). 
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PCA plots were generated from relative abundance data to illustrate microbial composition 
similarities as well as differential patterns in composition caused by each main effect. Similar to 
PCA, NMDS was used to display differences in β-diversity based on βrc null deviations among 
main effects (Fig. 15).  
Canonical analysis of principal coordinates (CAP) is a constrained version of metric 
scaling that uses species and site scores to best represent explained variation (Anderson and 
Willis, 2003). CAP examines PCoA results by ordinating dissimilarity matrices and then 
redundancy analysis (RDA) summarizes linear relationships between ‘redundant’ sets of 
response and explanatory variables (Borcard et al., 1992). Here, CAP was used to explore 
associations among categorical variables and species assemblages based on Bray-Curtis 
dissimilarity and significance was tested using PERMANOVA. The combination of unconstrained 
and constrained ordination methods allowed for greater resolution of differences in group β-
diversity and components that differentiated them. 
 
3.3.11 Statistical methods 
All statistical tests were performed in R version 3.3.2 and specifically PERMDISP, 
permutation tests, similarity percentage analysis, CAP, and PERMANOVA were performed using 
the functions betadisper, permutest, simper, capscale, and adonis, respectively, in the R-
package vegan 2.4.1. (Oksanen et al., 2019). K-means cluster analysis was performed using the 
R-package stats 3.6.1. Null hypothesis models were generated following 9,999 permutations 





3.4.1 Microbial composition 
In total, 1,007,377 sequence counts were recovered from 40 samples, ranging from 
11601 to 44076 sequences per sample. Of this, 5,636 unique archaeal and bacterial OTUs were 
identified and represented 25 distinct phyla from wetlands at our study site. Across all wetland 
microbial populations, 87.3% of total relative abundances were dominated by four phyla and 
included Actinobacteria (31.5%), Firmicutes (24.7%), Proteobacteria (21.9%), and Acidobacteria 
(9.2%) (data not shown). The rest of the population was characterized by low but variable 
abundances and in some cases were absent all together. 
The relative abundance of dominant phyla differed significantly for each main effect 
group, likely indicating a divergence in population structure (Fig. 10; p < 0.05). The relative 
abundance of Actinobacteria was especially high in improved wetlands (35%) and wetlands 
during the wet season (33.3%) compared to semi-native wetlands (26.4%) and wetlands during 
the dry season (27.3%), respectively (Fig. 10). Proteobacteria was significantly more dominant 
in semi-native (26.04%) than improved wetlands and wetlands during the dry season (27.3%) 
than during the wet season. Acidobacteria ranged from 5.6% in outer locations to 12.2% in 
wetlands during the dry season (Fig. 10).  
Principal component analysis (PCA) was used to assess compositional differences among 
microbial populations. Notably, PCA identified a limited number of phyla impacted the 
composition of improved wetland microbial populations, a result opposite to those found from 
semi-native wetlands, across seasons and between locations (Fig. 11 A,B,C). SIMPER analysis 
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revealed the microbial populations of management intensity types (40.3%) shared fewer taxa in 
common relative to seasons (56.7%) and locations (55.9%). 
 
3.4.2 Drivers of microbial α-diversity  
α-diversity differed across indices and main effects and were within ranges found in 
literature for similar sequencing efforts (Table 1; FAO, 2018). Among the main effects, microbial 
diversity was highest from improved wetlands, wetlands during the dry season, and inner 
locations for all indices, with OBS and location differences being the sole exception (p<0.05; 
Table 1). 
Microbial α-diversity differed significantly for interactions between management 
intensity type and season/location (Table 2). Microbial α-diversity was highest from improved 
wetlands during the dry season (im:dry, p<0.05) than during the wet season (im:wet), however, 
location differences were not detected. In contrast, semi-native α-diversity was highest from 
inner locations (sn:inner, p<0.05) than outer locations (sn:outer), with no seasonal differences 
detected (Table 2).  
Following the conversion of α-diversity to equivalent species, large differences in 
population sizes were found for management intensity, and to a lesser degree for season and 
location. Improved wetland population sizes were estimated to be 27% (q=1) and 42.9% (q=2) 
greater than semi-native wetlands (p<0.05) (table 1; Fig. 12). Diversity curves for each main 
effect demonstrated immediate and markedly curved slopes, suggesting that all populations in 
the study were at least partially composed of uneven abundances (Fig. 12 A,B,C). Diversity 
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curve differences were found for management intensity and season at all orders of q, indicating 
that diversity differences were due to both rare and common species (Fig. 12 A,B).  
Interactions terms between management intensity type and season/location uncovered 
contrasting structural assembly mechanisms. Notably, microbial populations from im:dry were 
25.5% (q=1; p<0.05) and 36.9% (q=2; p<0.05) greater than im:wet, while sn:inner populations 
were 54.14% (q=1) and 69.75% (q=2) greater than sn:outer (p<0.05). Diversity curves for each 
effect show the importance seasonal variability has in shaping the populations of improved 
wetlands, whereas populations in semi-native wetlands are sensitive to spatial heterogeneity 
(Fig. 12 D,E). 
 
3.4.3 Drivers of microbial β-diversity: Bray-Curtis (βBC) 
PERMANOVA and ANOSIM tests revealed significant βBC-diversity differences between 
seasons and locations, yet the largest differences were found between management intensity 
types (p < 0.05; Table 1). PERMDISP analysis was employed to ensure assumptions of equal 
variances were met for PERMANOVA, nonetheless returned significant results for management 
intensity but not season or location (p<0.05; Table 3). However, Tukey’s HSD confirmed 
PERMANOVA results for management intensity were not a function of unequal variances, but 
rather, evidence for an ecological response. Despite significant PERMANOVA results for season 
and location, small Pseudo-F values, as well as low ANOSIM statistics, together suggest a weak 
influence over microbial βBC-diversity (Table 3). PCoA plots reflect PERMANOVA results and 
show clear separation for management intensity that does not extend to season or location 
(Fig. 13 A,B,C).  
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Further, canonical analysis of principal coordinates (CAP) was then used to assess 
relationships visualized on PCoA plots in an effort to identify sources of variation discriminating 
a priori groups (Fig. 14 A,B,C). Results indicate management intensity was primarily responsible 
for compositional changes to microbial populations and that semi-native wetlands explained 
the largest amount of variation related to compositional differences (Fig. 14 A). 
 
3.4.4 Dispersion: β-diversity 
Results from PERMDISP revealed significant sample dispersion differences from 
management intensity but not season or location (Table 3). Tukey’s HSD revealed semi-native 
wetlands likely had higher sample dispersion (more heterogeneous) than improved wetlands 
(more homogeneous). However, cluster analysis was required to determine if dispersion 
differences were a function of location (large differences within-site means), one of spread 
(large between-site sample variability), or both. Hierarchical cluster similarity analysis using the 
K-means approach (Forgy E.W., 1965) confirmed microbial populations clustered according to 
management intensity type, in support of findings that populations from improved wetland had 
lower sample dispersion (more homogenous) than semi-native wetlands (Fig. 13 D,E,F). These 
results confirm dispersion differences for management intensity that likely reflects divergence 
among microbial populations including homogenization in improved wetlands. 
 
3.4.5 βrc-deviation: The null expectation 
A null modeling approach (βrc) was used to infer community assembly mechanisms such 
as the relative importance of deterministic or stochastic processes in driving population 
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variability (Chase et al., 2011; Raup-Crick, 1979). Notably, negative βrc-dev was detected from 
all main effect groups; analogous to deterministic processes driving compositional assembly 
(p<0.05). Moreover, βrc-dev differed for management intensity, which was significantly more 
negative from improved wetlands (more similar that expected by chance) than semi-native 
wetlands (p<0.05; Table 1). NMDS plots of pairwise comparisons reflect βrc-dev where samples 
clustered close in proximity are more deviant and vice versa (Fig. 15).  
 
3.4.6 Disentangling dispersal mechanisms 
Homogenizing dispersal was the most important process structuring the composition of 
microbial populations for all main effects, but was particularly important for improved wetland 
populations (70% of total turnover), followed by drift acting alone (22% of turnover), and then 
dispersal limitation (<3% of turnover). In contrast, semi-native populations were influenced 
more by drift (30.5% of turnover) and dispersal limitation (12% of turnover). 
 
3.5 Discussion 
3.5.1 Effects of management intensity, season, and location on microbial populations 
Interactions among components of diversity, microbial stability, and ecosystem health 
appear largely specific to the system being studied and chosen methodologies, each of which  
highlight recent debate surrounding which measures to use, misinterpretation of results, and 
the inability to cross-compare with literature (Ellison, 2010; Jost, 2006; Tuomisto, 2010). It is 
possible that many conclusions drawn are due to differences in weight placed on components 
of diversity rather than inferences concerning real observations (Jost, 2006; Wagner et al., 
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2018). Here, we employed a combination of diversity indices, ordination methods, cluster 
analysis, and multivariate tests, to comprehensively investigate microbial diversity, 
composition, and community assembly mechanisms. 
Microbial taxonomic diversity was compared for subtropical wetlands exposed to high 
and low management intensities, between seasons, and location variability within wetlands. 
Here, we show high management intensity led to an overall increase in α-diversity but decrease 
in β-diversity, revealing conflicting community assembly mechanisms likely linked to observed 
patterns of population divergence and ongoing homogenization. The diversity of microbial 
populations differed among seasons and locations, however, to a lesser extent than the effects 
of management intensity. Lastly, contrasting interaction effects were found between 
management intensity types regarding either season or location effects (Fig. 12 D,E). Improved 
wetland microbial populations responded to seasonal changes with little spatial variability 
whereas semi-native populations differed spatially but not seasonally. Together, these results 
potentially indicate differential sensitivities to biotic and abiotic processes causing population 
divergence. 
At our study site, pasture intensification to promote cattle production included higher 
fertilization and grazing rates, water table regulation, and the widespread planting of Bahia 
grass. Previously, results from wetlands used in this study illustrate the effect high management 
intensity (improved) has on vegetation composition, including decreased plant diversity, influx 
of highly productive non-native species, and replacement of native species with generalist 
species (Boughton et al., 2010). Boughton (2010) concluded that ecosystem-wide functional 
and physical changes were extensive and ultimately caused disproportionate decreases to 
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competition, proceeded by a switch from dispersal-based to niche-based community assembly 
mechanisms. Consequently, vegetation heterogeneity and ecosystem services decreased 
(Gathumbi et al., 2005). In a subsequent study, increased management intensity to the 
surrounding land led to higher net CH4 emissions from embedded wetlands (improved 
wetlands) relative to semi-native wetlands. Here, higher emissions were likely caused by a 
combination of higher water content and dominant vegetation differences (DeLucia et al., 
2019; Chapter 2). The link between vegetation changes (Boughton et al., 2010) and mechanisms 
driving higher CH4 emissions, may reflect holistic ecosystem responses to disturbance. 
However, large proportions of variance remained unexplained, suggestive of additional factors 
contributing to higher CH4 emissions in improved wetlands. Whether it is possible to correlate 
fluctuations in methanogenic populations with CH4 emissions seems unlikely due to the unique 
nature of production, tolerance to adverse conditions (Valentine, 2007), and low relative 
abundance levels, though this remains outside the scope of the present study. Rather, the 
broad objective was to assess whether response patterns observed above ground were 
similarly realized below ground, which potentially describes the extent agricultural 
intensification alters whole ecosystem properties.  
Wetlands exposed to high management intensity (improved) caused marked changes to 
local microbial community diversity (α-diversity) that ultimately resulted in compositional 
divergence from semi-native microbial populations (β-diversity). In general, α-diversity is 
broadly shaped by richness and abundance fluctuations related to an influx of new species 
previously absent, the proliferation of species previously present in low abundances, or more 
likely, a combination of both (Kim et al., 2017; Wagner et al., 2018). Here, α-diversity (Shannon 
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index & Simpson d.) was considerably higher for improved than semi-native wetland 
populations (Fig. 12 A). However, the relative difference in α-diversity between management 
types was likely a function of disproportionate increases in the abundance of a few, dominant 
taxa that coincided with decreases in unique and rare microbial assemblages (Fig. 10). This 
ultimately reduced the taxonomic overlap between improved and semi-native wetlands (Fig. 
11, simper analysis). This trend was further supported upon examination of β-diversity 
differences, which indicated high management intensity decreased compositional 
heterogeneity among improved wetland samples (Fig. 13 A: Table 1). 
Pairing β dispersion (PERMDISP) with cluster analysis (k-means) permitted the 
identification of β-diversity patterns responsible for observed compositional variability across 
management types. Not only did substantial taxonomic differences among intensity types exist, 
but differences were related to a high degree of clustering among improved wetland samples 
(Fig. 13 D), consistent with observations of decreased compositional variability (β-diversity; Fig. 
13 A). In contrast, semi-native wetlands demonstrated high sample and spatial variability. Here, 
differential responses related to surrounding management type signify population divergence 
caused by disturbance. Interestingly, these results appear to parallel disturbance-based 
observations described from an ecosystem level perspective. The nature of community 
assembly lends to the complexities of identifying response mechanisms that caused 
populations to diverge and are further parsed apart by exploring various components of β-
diversity.  
While disturbance has been shown to modify β-diversity by favoring some species over 
others (Hawkins et al., 2015), the nature of fluctuations to local communities are governed by 
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deterministic (niche theory) or stochastic (neutral theory) processes (Powell et al., 2015; Stegen 
et al., 2012). Deterministic processes are non-random events that influence community 
structure through environmental filtering and niche selection processes, ultimately decreasing 
β-diversity. Inherently different, both processes select or filter taxa based on abiotic fitness (i.e. 
aerobic organisms unable to survive in anaerobic environments) and sudden nutrient 
availability (i.e. analog of algal blooms) or through biotic interactions including competition and 
tolerance. In contrast, stochastic mechanisms reflect random events generated by ecological 
drift (i.e. unexpected births, deaths) or dispersal (i.e. unexpected colonization or immigration), 
and results in increased β-diversity (Logares et al., 2013; Wu et al., 2018; Stegen et al., 2012). 
The structure of local communities are fundamentally shaped by a combination of both 
processes and fluctuations reflect the nature of divergence as either a systematic re-shuffling 
by local species (α-diversity) or by chance colonization of species from the regional species pool 
(γ-diversity) (Chase & Myers, 2011). Heterogeneity in natural systems is largely a product of 
stochasticity (Chase & Myers, 2011), however, has been shown to be constrained by 
disturbance and is widely observed to decrease heterogeneity by deterministic processes 
(Chase, 2007).  
Initiatives to improve the mechanistic resolution of microbial processes not only 
underpinned the need to consider diversity and assembly mechanisms from multi-faceted 
approaches, but resulted in an impressive array of disturbance response patterns. Two 
contrasting responses reflect the complex relationship between β-diversity and disturbance. 
First, disturbance may increase β-diversity through divergent niche selection and diversified 
niche availability, whereby alleviating resource limitation and inter-species competition, 
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effectively promoting compositional variability (Chase, 2007; Mackey & Currie, 2001). Second, 
disturbance may cause convergent niche selection accompanied by strong selective pressures 
for tolerant species (filtering), thus diminishing compositional variability and β-diversity as a 
result (Chase, 2007; Graham & Stegen, 2017; Gijbels & Omelka, 2013). Therefore, uncovering 
microbial response patterns to disturbance lie within interactions between spatial variability, 
niche availability, ecosystem heterogeneity, and the specific taxa present. Despite this, the fluid 
nature of a niche, especially considering the plasticity of microorganisms, require unique 
methods to uncouple theory from observation. For example, profound differences in inferred 
diversity may arise following the initiation of successional re-assembly processes, including the 
extinction or inactivation of resident taxa, release of resources, or creation of empty niches, 
each of which are driven by particular subsets of assembly mechanisms that differentially 
promote colonization by local taxa (i.e. those resistant to specific disturbances types) or 
migration from other localities (i.e. α or γ species pools) (Shade, et al., 2012). However, the 
implementation of a null modeling approach, as described previously by Chase (2011), makes it 
possible to examine the relative importance of β-diversity components. Null models are 
powerful tools that permit further examination into response patterns that resulted in 
differential species aggregation across landscapes, as well as mechanisms that impose them 
(Baselga, 2013; Chase & Myers, 2011).  
A null model, based on a modified Raup-Crick metric (βrc), was developed to evaluate 
the relative contribution of stochastic or deterministic processes underlying community 
assembly patterns. Mean pair-wise βrc-diversity that identiies populations as compositionally 
more or less similar than expected by chance have largely been shaped by deterministic 
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processes  (non-random species turnover), such as selection, filtering, and dispersal 
mechanisms (Logares et al., 2013). Turnover principally represents variation in species 
distribution as species lost from site to site are accompanied by reciprocal gains (Baselga, 
2013). In contrast, nestedness represents variation in species richness in which losses and gains 
are unidirectional (Baselga, 2010).  
Here, substantially more negative βrc-dev for improved wetlands indicated the 
prevalence of deterministic processes during population assembly, whereas semi-native 
wetlands were strongly influenced by stochastic mechanisms, albeit not exclusively (Fig. 15; 
Table 1; p<0.05). These results are consistent with studies showing an increase in deterministic 
processes following disturbance (Chase, 2007; Vellend, 2010). The importance of incorporating 
randomness into assembly processes cannot be understated. Value lies in the potential to 
increase not only taxonomic diversity, but functional and phylogenetic diversity, with overall 
increases to the size and variability of the gene pool the main goal. Benefits include increased 
fitness, resistance to environmental perturbations, increased functionality, and potential 
environmental services, and ultimately ecosystem stability. 
Further, βrc-dev results indicated populations from improved wetlands were 
compositionally less diverse than expected under the null expectation of random chance, a 
result consistent with on-going homogenization among populations of improved wetland 
samples (Fig. 15; Table 1). Systematic decreases in compositional heterogeneity, principally 
called homogenization, refers to the process by which compositional similarities among distinct 
communities increase over time (Baselga, 2013; Chase & Myers, 2011). Processes that underlie 
homogenization include non-random replacement of resident species by a limited set of 
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already common species (Olden and Poff, 2003) and species loss through extinction. Both 
scenarios lead to higher population dissimilarity between main effect groups as well as increase 
compositional similarity within main effect groups. Population homogenization represents a 
major consequence of land-use change and agricultural intensification. Despite this, little is 
known about the ecological consequences of microbial homogenization and if differences 
materialize at the ecosystem level.  
Distribution patterns reflect the relative influences of dispersal, drift, and selection 
processes during species re-shuffling (Chase, 2007; Logares et al., 2018). In theory, the 
combined influences reflect the health and sustainability of a system (Stegen et al., 2013). Here, 
dispersal exerted substantial influence over compositional fluctuations in populations from 
improved wetlands. In contrast, combined drift and dispersal processes were the primary form 
of compositional turnover in semi-native wetlands. High rates of dispersal observed from 
improved wetland populations reflects a process called homogenizing dispersal, and broadly 
describes the exchange of species from site-to-site as high enough to overwhelm other 
processes such as drift and selection. Consequences often include low turnover rates, 
decreased β-diversity, and population homogenization. These results align with observations of 
high dispersal rates eventually leading to population homogenization (Vannette & Fukami, 
2017). In contrast, drift combined with low dispersal rates in semi-native wetlands were caused 
by dispersal limitation, a situation with such low lateral exchange of species between local 
communities (β) that respective populations diverge. The combined influence of drift and 
dispersal processes promote compositional variability among communities (Logares et al., 
2018). The relative importance of each turnover type likely contributed to compositional and 
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structural differences observed between improved and semi-native wetland microbial 
populations.  
Disturbance, in the form of agricultural intensification, caused structural and 
compositional divergence. High management intensity surrounding wetlands resulted in the re-
distribution of microbial populations, including increased abundances limited to a few common 
taxa, selection of tolerant and functionally redundant individuals, increased α-diversity and 
total OTU counts, however, included decreased β-diversity and abundance of rare and unique 
taxa. Observed structural re-assembly for improved wetlands was primarily deterministic (niche 
theory) and likely resulted from environmental filtering and niche selection processes. Here, 
exact assembly mechanisms can only be implied without consideration of phylogenetic 
relationships, which was outside the scope of this study. However, low taxa variability and 
sample dispersion imply the importance of niche selection in limiting the microbial populations 
of improved wetlands to mostly disturbance-tolerant and common species (Fig. 11 A & 13 A). 
 
3.5.2 Interaction effects  
Seasonality has been shown alter microbial composition and diversity through 
temperature and precipitation fluctuations (Ratkowsky & Gates, 2008; Chase, 2007). This is 
especially true for regions that experience dramatic seasonal shifts (Kui et al., 2019); however, 
seasonality in subtropical regions is comparatively mild. Spatial variability is a principal factor 
driving differences in microbial diversity with gradients ranging from centimeters to kilometers 
(Ding et al., 2015). Here, the individual effects of season and location on microbial populations 
was comparatively low relative to the effect of management intensity (Fig. 13 B,E & 14 A). 
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Contrasting influences of seasonality and location that drove microbial variation among 
management intensity types provided important insight into the nature of compositional 
variation. Patterns in population dynamics emerged that potentially reflect ecosystem 
degradation caused by increased management intensity surrounding subtropical wetlands. A 
shift from spatial variability to temporal variability was observed between semi-native and 
improved wetlands, respectfully, and may indicate deficiencies in structural development 
related to diminished compositional heterogeneity and over-reliance on deterministic 
processes. Both potentially indicate the primary source of variation unique to each 
management intensity type.  
Here, reduced α- and increased β-diversity found for semi-native wetlands during the 
wet season suggested a strong compositional propensity for unsaturated soil moisture 
conditions while also limiting the structural dominance of common taxa, both of which are 
characteristics observed here and found elsewhere. In contrast, high α-diversity paired with low 
β-diversity from improved wetlands during the dry season suggested that favorable 
environmental conditions acted on the distribution of individuals, whereby permitting higher 
proportions of similar taxa to each site, effectively reducing functional turnover rates through 
competitive exclusion. However, spatial variability within individual wetlands was not detected 
from improved wetlands, indicative of strongly homogenized populations. In contrast, the 
compositional properties of semi-native wetlands strongly adhered to spatial gradients of 
individual wetlands, a result that appears analogous to high between-site β-diversity observed 
earlier providing further verification of compositional heterogeneity. 
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Following the conversion of α-diversities to equivalent species (Hill number’s) and 
visualizing structural differences on diversity curves (q → ∞), indeed shows the importance of 
seasonal change (Fig. 12 D) and spatial variability (Fig. 12 E) on compositional turnover in 
improved and semi-native wetlands, respectfully. 
 
3.5.3 Similarities between above- and below- ground response patterns  
Interactions between plants and soil microorganisms has received plenty of attention, 
and with good reason, as functions provided at the microbial scale (decomposition, nutrient 
cycling) are invaluable for sustainability, health, and productivity at the ecosystem scale 
(Horner-Devine et al., 2004; Lamb et al., 2011). Alternatively, reciprocal benefits provided by 
plant populations (i.e. biomass, richness, identity) are imperative for modulating soil microbial 
community structure and function (Lv et al., 2014). While it is generally accepted that increased 
plant diversity correlates with increased microbial diversity, the relationship between 
compositional shifts in plant communities and the relative impact on soil microbes is difficult to 
infer and contingent upon disturbance type, response mechanism, and the specific ecosystem 
being studied. Thus, the effect of altered vegetation diversity on microbial diversity remains 
largely unresolved. 
Although we did not measure disturbance effects on plant diversity, recent findings 
from the same wetlands at our study site enabled an indirect examination as to whether 
diversity patterns above- and below- ground parallel each other. Outlined previously, 
management intensity at our site caused functional shifts in above-ground plant communities 
from highly diverse systems dominated by native species (semi-native wetlands) to low 
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diversity systems (improved wetlands). Compositional shifts were characterized by an influx of 
highly invasive and exotic species which decreased local plant diversity, homogenized the 
system, and caused ecosystem wide changes to soil properties, water content, and nutrient 
availability (Boughton et al., 2010; Swain et al., 2013). Key findings included switching from 
dispersal-based assembly in semi-native wetlands (stochastic) to niche-based assembly in 
improved wetlands (deterministic). Microbial populations inhabiting the same wetlands appear 
to mirror plant response patterns. Here, high management intensity increased α-diversity, 
decreased β-diversity, altered taxonomic structures through deterministic processes, and 
ultimately homogenized local microbial populations from improved wetlands.    
Plant communities dominated by invasive and exotic species have previously been 
shown to influence microbial populations (Grayston et al., 2004). These include modified C/N 
ratios in litter and roots, altered rooting depth, and impaired mineralization rates, however, 
changes appear contingent on the primary photosynthetic pathway (Coleman et al. 2000; 
Wilsey & Wayne Polley, 2006). In theory, the replacement of native plants by exotic species, 
such as Juncus effuses at our site, likely alters microbial diversity, however, literature on this 
subject is sparse. In one case, Horner-Devine (2003) found increased plant productivity caused 
both higher and lower microbial diversity in aquatic systems and that directional shifts in 
diversity were contingent on specific taxonomic groups. Additionally, Sielaff (2018) explored 
relationships among plant diversity and soil microbial diversity. The authors observed an 
inverse relationship; systems with low plant diversity dominated by exotic species were 
analogous to high microbial α-diversity and the dominance of deterministic processes, a result 
opposite to that found from highly diverse plant communities dominated by native species. 
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They concluded that exotic plant populations had strong niche-based tendencies relative to 
native plots, a result that could explain similar plant-microbe responses found from our study 
site.  
 Despite not being able to make definitive inferences regarding relationships linking 
above- and below- ground diversity and assembly mechanisms, it is clear it warrants further 
investigation and should be paired with more empirical investigations. Together, uncovering 
these relationships may benefit the predictive power to identify ecosystems under threat.  
 
3.6 Conclusion 
Management strategies to optimize cattle production and agronomic intensification 
caused systematic changes to the microbial diversity and composition of subtropical wetland 
populations. The results presented here are evidence of population divergence and specifically, 
homogenization of improved wetland populations. We also demonstrate the benefits to using a 
combination of α- and β- indices to disentangle the effects of γ- diversity in order to highlight 






Table 1. Diversity metrics and corresponding indices used to evaluate the independent effects of management intensity, 
seasonality, and location on subtropical wetland microbial populations. All results calculated per diversity index were 
included to compare between grouped values, with the exception of Bray-Curtis. BC following an index indicates they 
should be interpreted within the context of Bray-Curtis dissimilarity. Significance was first determined according to 
between-site and then within-site. For deviation (BC), all samples were significantly different than 0, so those statistics 
are not included. Significance levels per variable group comparisons are placed according to the higher of the two groups 
and are as follows: (.)P<0.1, *P<0.05, **P<0.001. 
   management intensity season location 
diversity index statistic improved semi-native dry wet inner outer 
Alpha OBS Student’s t-test 491.86* 433.67 482.76. 446.77 456.73 438.83 
 Shannon index Student’s t-test 5.66** 5.41 5.64* 5.46 5.55* 5.37 
 Simpson d. monte Carlo 0.99** 0.99 0.99* 0.99 0.99* 0.99 
 Simpson e. Student’s t-test 0.32* 0.25 0.31* 0.27 0.3* 0.24 
Hill Shannon (q=1) Student’s t-test 290.32** 227.43 283.6* 240.22 258.37** 222.3 
 Simpson (q=2) Student’s t-test 157.5** 110.25 153.36** 119.84 133.44* 105.16 
Beta Bray-Curtis PERMANOVA 0.65** 
 
0.68*  0.68*  
 observed (BC ) PERMANOVA/anosim 0.62 0.69** 0.66 0.7* 0.66 0.7* 
 βrc-dev Wilcoxon rank-sum -14.07 -3.82** -7.4 -0.98** -2.98 -0.5* 
 Unifrac weighted ANOSIM 0.16 0.29* 0.22 0.24** 0.2 0.25** 
 Unifrac unweighted ANOSIM 0.41** 0.39 0.40 0.42** 0.4 0.42* 
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   improved wetlands semi-native wetlands 
diversity index statistic dry wet inner outer dry wet inner outer 
Alpha OBS ANOVA 534.15. 455.68 452.85 467.45 420.40 437.86 460.60 410.2 
 Shannon index ANOVA 5.8** 5.56 5.52 5.61 5.47 5.36 5.58* 5.14 
 Simpson d. Kruskal-Wallis 0.99** 0.99 0.99 0.99 0.99 0.99 0.99** 0.98 
 Simpson e. ANOVA 0.35* 0.31 0.29 0.31 0.27 0.24 0.31** 0.17 
Hill Shannon (q=1) ANOVA 328.3** 261.47 251.29 272.41 238.91 218.98 265.44* 172.19 
 Simpson (q=2) ANOVA 187.36** 136.77 127.39 142.98 119.36 102.91 139.5** 67.35 
Beta Bray-Curtis PERMANOVA 0.58  0.58  0.62  0.62  
 observed (BC) 
PERMANOVA/a
nosim 0.55 0.61* 057 0.59 0.56 0.68** 0.62 0.61 
 βrc-dev Wilcoxon rank-sum         




ANOSIM 0.37 0.4* 0.39 0.4 0.35 0.4** 0.36 0.39* 
Table 2. Diversity metrics and corresponding indices used to measure the interaction of management intensity type by season and by 
location. With the exception of Bray-Curtis, all results calculated per diversity index were included to compare between-site 
differences. BC following an index indicates they should be interpreted within the context of Bray-Curtis dissimilarity. For deviation 
(BC), all samples were significantly different than 0, so those statistics are not included. Significance levels per variable group 





 PERMANOVA ANOSIM PERMDISP 
Effect Pseudo-F r2 P-value R P-value Pseudo-F P-value 
management 
intensity 
8.24 17.8 < 0.001 0.53 < 0.001 7.07 < 0.05 
season 3.91 7.55 < 0.01 0.15 < 0.05 1.96 0.17 
location 2.05 5.26 < 0.05 0.06 0.07 0.6 0.44 
mgmt x season 2.04 5.80 < 0.05     
mgmt x location 2.0 4.14 < 0.05     
Table 3. β-diversity: Statistical results from PERMANOVA, ANOSIM, and PERMDISP tests for main 
effects. PERMDISP significance was tested using PERMANOVA and evaluated using ANOSIM and 






Figure 10. Relative abundance of phyla for management intensity (improved & semi-







Figure 11. Multivariate Principal Component analysis 
(PCA) plots for abundances of detected phyla for (A) 
management intensity, (B) season, and (C) location. 
Axis’ display the percentage of variance explained per 
axis. Arrows with corresponding phyla represent the 
level of influence groups had in shaping respective 
microbial profiles. Colored ellipses are different 







Figure 12. Alpha diversity curves for equivalent species. The top row represents the main effects of: A) disturbance intensity, B) 
season, and C) location. The bottom row are interactions for: D) season x disturbance and E) location x disturbance. Values along 






Figure 13. Unconstrained PCoA plots of Bray-Curtis dissimilarity (A,B,C) and group sample dispersion from 
PERMDISP analysis (D,E,F) for management intensity (A,D), season (B,E), and location (C,F). Each dot represents 
the entire microbial profile per sample and are clustered according to compositional similarity at 95% confidence 
levels. Like shapes for plots A,B,C correspond to samples from the same wetland. The axes indicate percent 
variation explained per coordinate plane. For plots D,E,F, the inner lines represent the distance of samples relative 
to the mean group centroid and represents the spread of sample dispersion. Grouped samples with low spread 
have populations that are homogenous across samples while groups with more spread are more heterogeneous. 





Figure 14. Canonical analysis of principle coordinates 
(CAP) for management intensity (A), season (B), and 
location (C). Species (red crosses) and sites (black 
circles) are placed according to species and site 
scores, respectfully. Proximal distances between 
species and sites represent likeliness of association. 
The further species are from the orgini, the more 
discriminating they are. Arrow direction and length 
correspond to the factor most responsible for 






Figure 15. NMDS for sample βrc-deviations. Samples close in proximity are further from the null 
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Chapter 4: Microbial functional changes caused by population divergence and 
homogenization in wetlands under increased management intensity  
 
4.1 Abstract 
 Soil microorganisms are essential components of the wetlands they inhabit and 
modulate many ecosystem services including carbon cycling, nutrient retention, and litter 
decomposition. We previously demonstrate that increased management intensity surrounding 
wetlands caused microbial populations of improved wetlands to homogenize and diverge from 
the those of semi-native wetlands. While it is generally known microbial populations are 
important components for the maintenance, health, and productivity of local ecosystems, the 
functional consequences associated with diverging microbial populations has received less 
attention. The objective of this study was to investigate if population wide diversity and 
structural changes to the underlying microbial communities reflected potential functional 
changes at the ecosystem level. Additionally, we sought to explore the relationship between 
methanogenic microbial abundances and the degree they correspond to observed CH4 
emissions from the same wetlands. Increased management intensity caused functional 
divergence and the differences were related to diversity and compositional differences 
reported in Chapter 3. Improved wetlands featured diminished functionality related to 
processes important for regulating both general and specialized nutrient cycles. However, 
processes related to decomposition generally increased from the microbial populations of 
improved wetlands. Greater diversity and abundances of methanogenic microbes were found 
under increased management intensity which was consistent with increased CH4 emissions. 
Understanding how potential functional changes at the microbial level influences ecosystem 
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processes at the ecosystem level are important steps towards developing environmentally 
conscious management practices. 
 
4.2 Introduction 
The unique nature of wetlands as transitional systems grants them a level of importance 
in regulating biogeochemical processes that spans ecosystems, though, simultaneously exposes 
them to vulnerabilities that are often to the detriment of whole landscapes. The importance of 
expanding upon our understanding as to specific processes governed by wetlands is a necessary 
step to identify consequences associated with impaired functionality. Until recently, agricultural 
expansion was the primary means of ensuring the availability of food required to sufficiently 
meet the demands of increasing global populations was met. Over the last several decades, the 
areal extent of globally cultivated land increased by approximately 500% (FAO, 2018). Rightfully 
so, a range of concerns have been raised regarding environmental health and sustainability 
following conversion to and intensification of agroecosystems, a few of which include enhanced 
greenhouse gas emissions, the degradation of soil quality, and impairment to nutrient recycling 
processes (Foley, 2005). Consequently, wetlands embedded in agricultural systems are 
indirectly subject to the same management intensities of surrounding landscapes. 
Soil microorganisms are essential components of the wetlands they inhabit. In 
particular, they modulate many ecosystem services including biogeochemical cycling and 
transformation processes, rendering them indispensable components for maintaining 
ecosystem productivity and sustainability (Bardgett & van der Putten, 2014; Philippot et al., 
2013). Agricultural intensification has been shown to strongly affect soil microbiomes and the 
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ensuing ecosystem services they provide (de Vries et al., 2013; Matson, 1997). However, 
functional consequences associated with diverging microbial populations has received less 
attention. Insight into the patterns of microbial community structure and assembly mechanisms 
likely provides valuable information for predicting ecosystem disturbance responses (Hartman 
et al., 2008).  
Relationships among microbial taxa directly shape the structure and composition of 
local microbial communities, thus, it is reasonable to expect that non-random co-occurrence 
patterns and inter-species relationships should exist. To date, though, comprehensive 
accountings of whether pasture management imposes similar controls over microbial 
populations as the wetlands they occupy are sparse and largely unresolved. Understanding the 
specific nature of functional changes at the microbial level and the resulting effects to the 
functional pedigree at the ecosystem level are important steps towards developing 
environmentally conscious management practices.  
Previously, increased management intensity surrounding subtropical wetlands was 
shown to cause systematic changes to above-ground vegetation and below-ground microbial 
diversity that reflected a correspondence between different ecological scales (Ho et al., 2018). 
Functional variation was observed as a consequence, where high management to the 
surrounding pastures increased the production and subsequent transport of atmospheric CH4 
from embedded wetlands (DeLucia et al., 2019). Additional consequences included altered 
carbon cycling that reduced the net CO2 sink strength to the surrounding area, effectively 
diminishing the capacity for carbon sequestration and storage (Gomez-Casanovas et al., 2018).  
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 The objectives of this study were to identify the effects of agricultural management 
intensity surrounding wetlands on the phylogenetic diversity and functional divergence of the 
inhabiting microbial populations. Phylogenetic diversity provides valuable information 
regarding ecological and evolutionary relationships that led to species co-occurrence patterns 
and may help identify regulating processes that dictate ecosystem functioning following a 
disturbance. Our goal was to characterize potential microbial community functional profiles 
with particular focus on microbial populations and processes that influence CH4 fluxes. We 
aimed to identify community patterns, indicator species, and pathways that were associated 
with ecosystem-wide disturbance patterns. We hypothesized that microbial community 
composition and function, including those responsible for dictating CH4 flux, would exhibit 
patterns consistent with a simplified and homogenized system that favored the growth of 
common and highly abundant taxa at the expense of diminished functionality (Olden and Poff, 
2003). Moreover, modified soil conditions following pasture intensification should favor the 
growth of methanogens and ultimately explain greater CH4 emissions observed from improved 
wetlands that were previously described in chapter 2 of the present dissertation. 
 
4.3 Materials and methods 
4.3.1 Site description, Soil collection & DNA extraction and 16s rDNA Sequencing 
 For detailed descriptions of sampling protocols, 16s rDNA sequencing, and taxonomic 




4.3.2 Abundance and taxa identification 
In total, 1,007,377 sequences were recorded from 40 soil samples and ranged from 
11601 to 44076 sequences per sample. Of this, 5,455 totals unique OTUs were identified and 
clustered according to sequence similarity (> 97%) before taxonomy assignments. 
Relative abundance data was tested for normality and equal variance using Shapiro-Wilk 
and Bartlett’s test. The effect of management intensity on taxonomic abundance was tested by 
non-parametric Kruskal-Wallis tests. Linear discriminant analysis effect size (LEfSe) was used to 
identify discriminating taxa between management intensity types (p <0.05; LDA>2.0) by 
identifying biomarkers that differentiate populations based on effect sizes and biological 
consistency (Segata et al., 2011) . 
 
4.3.3 phylogenetic α- and β- diversity 
 PD (Faiths phylogenetic diversity), a phylogenetic α-diversity index, quantifies 
evolutionary relatedness among local populations by summing branch lengths spanning the 
minimum distances between pair-wise comparisons Faith, 1992; Faith and Baker, 2006). PD is 
considered a phylogenetic richness measure that identifies closely related taxa as those 
separated by shorter branch lengths. Weighted UniFrac, a phylogenetic β- diversity index, pairs 
richness and phylogenetic information to quantify phylogenetic dissimilarity between 
populations by calculating proportions of shared branch lengths (Lozupone et al., 2011; 




4.3.4 Ordination plots 
Non-metric multidimensional scaling (NMDS) is an unconstrained ordination method 
used to visualize community relatedness between samples in two-dimensions. Here, NMDS 
plots were used to examine PD diversity and weighted Unifrac diversity for management 
intensity types. Redundancy Analysis (RDA), a constrained ordination method, summarizes 
linear relationships among response variables found to be ‘redundant’ within a set of 
explanatory variables (Borcard et al., 1992). RDA plots were constructed for individual 
populations using taxa abundance data to visualize community composition patterns and 
identify taxa that differentially influenced population structure from improved and semi-native 
wetlands. The effects of management intensity were determined using 999 permutations of 
non-parametric multivariate analysis of variance (MANOVA). The combination of unconstrained 
and constrained ordination methods allowed for greater resolution of differences in group β-
diversity and components that differentiate them. 
 
4.3.5 Data analysis 
All statistical tests were performed in R version 3.3.2. PERMDISP, permutation tests, and 
PERMANOVA were performed using the functions betadisper, permutest, and adonis, 
respectively, and are found in the R-package vegan 2.4.1. (Oksanen et al., 2019). Ordination 
plots were constructed using vegan 2.4.1. and included the functions ordihull and metaMDS. 
LEfSe analysis was performed with Qiime v.1.9.1 and uses the R functions coin and MASS from 




4.4 Results & Discussion 
4.4.1 Taxonomic differences & potential functional implications 
In total, 167 archaeal OTUs and 5288 bacterial OTUs were assigned into 25 distinct 
phyla, 52 classes, 102 orders, 185 families, 400 genera, and 1948 species. Of note, 4 and 20 
phyla were identified as belonging to archaea and bacteria, respectfully. One phylum described 
as ‘other’ is likely unclassified and was excluded from this analysis.    
In total, four phyla representing 87.3% of microbial populations were dominated by 
Actinobacteria (31.5%), Firmicutes (24.7%), Proteobacteria (21.9%), and Acidobacteria (9.2%). 
Of the remaining 21 phyla, only Planctomycetes (2.8%), Euryarchaeota (2.7%), Chloroflexi 
(1.7%), and an unclassified bacterium (1.2%) represented greater than 1% of microbial 
abundance in any soil sample. The remainder of populations were characterized by low but 
variable microbial abundances that were occasionally absent all together (data not shown). 
Consequences to ecosystem properties associated with increased management 
surrounding wetlands are described elsewhere (DeLucia et al., 2019; Swain et al., 2013). Briefly, 
disturbance in the form of high management intensity was observed to alter ecosystem wide 
properties including decreased plant diversity, enrichment of soil nutrients, and increased soil 
volumetric water content, each of which can influence structural variability by imposing 
selective pressures or filtering processes on the assembly of microbial populations.  
A statistical strategy (LEfSe) was applied to detect taxonomic biomarkers that strongly 
differentiate microbial populations of each factor level (Segata et al., 2011). LEfSe analysis 
identified significant differences in taxa differentiating factor levels, including 86 and 83 
biomarkers in semi-native and improved wetlands, respectfully (Fig. 16). Of the 83 and 86 
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biomarker’s that were identified, phylum Proteobacteria (LDA=4.54) was the strongest 
biomarker differentiating populations of semi-native wetlands from those of improved 
wetlands. In contrast, Actinobacteria (LDA=4.8) differentiated populations of improved 
wetlands from semi-native wetlands (Fig. 16). 
Wetland microbial populations demonstrated marked variation in community structure 
related to shifts in the relative abundance of dominant phyla, likely reflecting functional 
divergence among populations. The abundances of three phyla particularly sensitive to 
inundation levels including Chloroflexi, Bacteriodetes, and Euryarchaeota (Lohbeck et al., 2014) 
were significantly higher in improved wetlands than semi-native wetlands (p < 0.05; Fig. 16 & 
17). These results are consistent with observations that volumetric water content was greater 
and more sustained in improved wetlands, a factor likely selecting for specific taxa.  
Functional differences reflect compositional variation that is likely caused by altered 
sensitivities to abiotic and biotic pressures. Notably, increased management intensity caused 
Actinobacteria to increase by 9.0% in improved relative to semi-native wetlands. Within this 
phyla, class Thermoleophilia was largely responsible for observed abundance differences at the 
phylum level and represented 12.4% of the microbial populations from improved wetlands 
compared to 5.3% from semi-native wetlands. Alternatively, the abundance of Proteobacteria 
was lower in improved than semi-native wetlands, where class Betaproteobacteria (2.5% & 
7.7% ) and class Gammaproteobacteria ( 2.7% & 4.2% ) significantly contributed to lower 
abundances. Additionally, the abundance of Planctomycetes and specifically the class 
Planctomycetacia, was 3.8% in semi-native wetlands relative to 1.6% in improved wetlands. 
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 Little is known about the class Thermoleophilia, however Actinobacteria is a highly 
diverse, fast growing phylum able to withstand harsh conditions such as drought and 
temperature fluctuations (Lv et al., 2014; Zhang et al., 2016). Actinobacteria is often the most 
abundant taxa in freshwater ecosystems and provides essential steps towards organic matter 
decomposition such as the ability to oxidatively depolymerize lignin, a function limited to a few 
organisms (Eisenlord & Zak, 2010). Additionally, members of this phylum are thought to have 
adapted to nutrient-rich soils (Barberán et al., 2012) and demonstrate metabolic versatility such 
as exploiting herbicides and pesticides for growth. Similarly, Proteobacteria is a diverse phylum 
often found in high abundances in freshwater and saltwater ecosystems (Lv et al., 2014). 
Groups in this phylum are typically facultative or obligate anaerobes and many are nitrogen and 
phosphorus fixers often involved in biodegradation processes that inadvertently imposes 
stabilizing forces against external pressures (Urakawa et al., 2017). Specifically, 
Gammaproteobacteria is involved in sulfur reduction and acid denitrification (Lv et al., 2014), 
while Betaproteobacteria abundances often correlate with pH, nutrients, and soil nitrogen 
levels and contribute to heterotrophic activity in soils (Fierer et al., 2007). Moreover, 
Betaproteobacteria is highly involved in carbon mineralization and N2O production by ammonia 
oxidation (Domingos et al., 2011; Fierer et al., 2007; Zhou et al., 2016).  
Members of Planctomycetes are often reported as functional specialists (Zhu et al., 
2011), including the ability to anaerobically oxidize ammonium (anammox), an important step 
in global nitrogen cycling that transforms NH4+ and NO2- to nitrogen gas. However, anammox is 
limited to brackish and marine sediments (Kuenen, 2008). In semi-native wetlands, 
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Planctomycetes abundances were approximately double than in improved wetlands and reflect 
benefits to functional variability. 
Furthermore, abundances of Chloroflexi, SaccharibacteriaI, Verrucomicrobia, 
Bacteroidetes, and Cyanbacteria were higher in improved than semi-native wetlands. 
Chloroflexi is often found involved with decomposing organic matter while Verrucomicrobia is 
linked with high soil moisture and lignocellulosic degradation (Horton et al., 2019). In both 
instances, higher abundances in improved wetlands could be related to the displacement of 
native plant species by Juncus effuses (juncus) as previously observed at our study site (Swain et 
al., 2013). Interestingly, Euryarchaeota was equally abundant among intensity types, however, 
relative proportions of non-methanogenic Euryarchaeota were significantly higher in semi-
native wetlands than improved wetlands.  
Potential functional differences that may arise from compositional changes coincided 
with high abundances of microbes important for decomposition processes in improved 
wetlands, whereas regulators of biogeochemical cycles were in lower abundances. These 
results appear consistent to observations showing functionally specialized individuals are 
important for maintaining ecosystem stability (Trivedi et al., 2016). Also, the functional capacity 
of microbial populations has direct implications on structural and compositional properties 
including niche availability, selective pressures, and metabolic requirements.  
 
4.4.2 Phylogenetic diversity  
PD is limited to the diversity of local populations (α) and emphasizes phylogenetic 
richness within microbial populations (Faith & Baker, 2006), while weighted UniFrac indicates 
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compositional dissimilarities between populations (β) (Lozupone et al., 2011; Lozupone and 
Knight, 2005). Here, the effects of management intensity were only detected for weighted 
UniFrac and show microbial populations were phylogenetically dissimilar (p<0.05). 
Furthermore, samples from improved wetlands had populations that were phylogenetically 
more similar (0.16; less sample dispersion) than semi-native wetland samples (0.29; Fig. 18). 
These findings likely indicate phylogenetic divergence caused by increased management 
intensity. 
In addition to findings from Chapter 3 where taxonomic divergence and differential 
structural assembly mechanisms were detected for management intensity, here, phylogenetic 
dissimilarity likely goes a step further in verifying holistic population differences. Previous 
results (Chapter 3) indicate taxonomic differences were caused by non-random deterministic 
processes primarily limited to improved wetlands. However, without considering phylogenetic 
relationships, exact mechanisms are subject to interpretation. Microbial populations are 
extremely rich, making it is unlikely co-occurrence patterns do not exist. Similar to taxonomic 
differences reflecting biotic and abiotic response mechanisms, phylogenetically related 
individuals may inherit shared evolutionary tendencies (i.e. similar metabolic requirements) 
that inevitably causes convergence towards similar conditions. Therefore, it is reasonable to 
expect high proportions of unshared taxa reflect differences at the phylogenetic level, and 
together, impose pressures driving compositional turnover.  
In total, five classes representing abundances > 1.0% and belonging to the four most 
dominant phyla, were identified in improved wetlands as being absent from semi-native 
wetlands. This could indicate favorable conditions promoted an influx of generalist individuals 
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to either newly created niches or previously unavailable niches that became available (Olden 
and Poff, 2003). Thus far, processes causing population divergence and homogenization have 
broadly been described as non-random reshuffling of individuals across spatial gradients (i.e. 
sample to sample). However, environmental filtering and niche selection processes are 
structural assembly mechanisms analogous to non-random reshuffling and likely influenced 
both population homogenization in improved wetlands and population divergence among 
management intensity types. Here, incorporating phylogenetic diversity permitted a closer look 
into historic environmental properties that imposed similar pressures across lineages resulting 
in evolutionarily conserved tendencies, signaling an additional non-random deterministic 
assembly mechanism.  
Disturbance is often shown to increase compositional clustering (Letten et al., 2014), 
and this appears to be the case from improved wetlands at our study site. Observations of both 
taxonomic and phylogenetic divergence, together, indicate the likelihood of co-existing 
assemblages present were more closely related than expected by chance. Here, results likely 
imply the existence of functionally conserved traits among lineages promoted phylogenetic 
clustering according to environmental conditions.  
To a lesser degree, deterministic processes influenced the structure of semi-native 
wetland populations, however weighted UniFrac results indicated a high level of phylogenetic 
variability (low similarity) across samples. Together, these results imply competition for 
resources and low co-occurrence levels were important factors shaping semi-native populations 
and are consistent with phylogenetic overdispersion processes. Here, the assessment of 
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phylogenetic diversity permitted the identification of specific assembly mechanisms that 
contributed to the divergence among microbial populations. 
 
4.4.3 Composition of methanogenic populations and functional implications 
 6676 methanogenic sequences limited to the phyla Euryarchaeota (represents 
2.7% of the total population) were clustered into 80 unique OTUs differentially representing 3 
distinct taxonomic classes; Methanobacteria, Methanomicrobia, and Thermoplasmata. Here, 
Methanomicrobia was the most abundant and diverse across all populations and represented 
52.9% of total methanogens identified in this study, while Methanobacteria and 
Thermoplasmata represented 25%, and21.9% of the remaining methanogenic taxa, 
respectfully. Furthermore, 22 species were identified in total, of which 6 belong to 
Methanobacteria, 15 belong to Methanomicrobia, and 1 belongs to Thermoplasmata. Species 
of Methanobacterium and Methanocella were amongst the most abundant representing up to 
43% of the fraction of methanogenic populations (Fig. 19). 
The taxonomic α-diversity (richness, Shannon, Simpson) of methanogenic taxa were up 
to 56% higher in improved than semi-native wetlands (p<0.05), verifying abundance differences 
in methanogenic microbes. Consistent with previous observations describing taxonomic 
differences in populations that characterize each intensity type, here we show similar patterns 
extend to methanogenic populations (Fig. 20). The compositional variability of methanogenic 
taxa found at the genus level represents functional divergence at the species level (Fig. 20).  
Here, increased management intensity caused significant increases to the methanogenic 
populations of embedded wetlands (p<0.05). The fractions associated with methanogenic 
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populations contributing to observed abundance differences were variable across phyla, 
however, members of the group Methanobacterium, a hydrogenotrophic methanogen, 
experienced the largest population growth, increasing from 13.2% in semi-native wetlands to 
37.0% in improved wetlands. Other groups experiencing increased populations in improved 
wetlands were members belonging to the metabolically versatile Methanosarcina group 
(capable of using all three pathways) (Garcia et al., 2000), the hydrogenotrophic 
Methanoregula, and the acetoclastic specialist Methanosaeta (Fig. 21). Interestingly, the groups 
associated with Methanocella decreased from 43.0% to 26.6% under increased management 
intensity that likely represents competition for key limiting nutrients or unfavorable conditions 
that diminished energy yields. Of note, members belonging to Methanoregula are highly 
sensitive to trace amounts of oxygen (Yashiro et al., 2011) making it more likely this group 
occurs in environments with sustained anaerobiosis. This appears to be consistent with 
hydrological conditions found in improved wetlands. Furthermore, these results are consistent 
with observations previously showing increased CH4 fluxes from the surrounding improved 
pastures, and specifically up to 2.5 times higher from improved wetlands compared to semi-
native wetlands  (DeLucia et al., 2019; Gomez-Casanovas et al., 2018).  
Positive relationships between methanogenic population sizes and CH4CH4 emissions 
are often found from similar studies (He et al., 2015). This study was conducted without the 
consideration of measuring in situ CH4CH4 fluxes to parallel investigations into microbial 
population dynamics. Despite this, soils were taken as part of routine soil surveys conducted to 
investigate wetland CH4 fluxes. These results likely demonstrate real structural changes 
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observed at our site that directly reflect functional divergence caused by increased 
management intensity. However, this analysis would benefit from more empirical methods.  
Methanogenic communities from subtropical wetlands at our site were overwhelmingly 
dominated by hydrogenotrophic methanogens, representing 84.17% of total fractions of 
methanogenic communities across all samples (Fig. 21). This strongly suggests 
hydrogenotrophic methanogenesis as the favored path for this ecosystem, a result not always 
found from similar wetland types. Several studies have reported the hydrogenotrophic pathway 
is dominant in bogs while the acetoclastic pathway is dominant in fens, however they are 
generally found to co-exist (Avery et al., 1999; Cadillo-Quiroz et al., 2006; Galand et al., 2005). 
Observed structural changes related to increased methanogenic populations did not appear to 
favor the relative importance of either of the two methanogenic pathways, as no statistical 
differences were detected among management intensities (Fig. 21). This could mean other 
environmental factors control the balance between these two pathways. What is more likely 
however, are phylogenetic affiliations promoting the clustering of related individuals based on 
historical composition properties, effectively overshadowing environmental influences. This 
theory may explain the apparent lack of favorable conditions imposing selection processes 
based on specific characteristics. 
A goal of the current analysis was to identify taxonomic co-occurrences that might go 
further in explaining the variability surrounding the functional capacity of communities that 
ultimately altered the CH4 source strengths. It remains unclear if increased CH4 emissions 
previously observed from improved wetlands reflect higher proportions of individuals known to 
promote CH4 production or if there exist large abundances of taxa in semi-native wetlands 
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known to inhibit CH4 production. Methanogenic OTUs identified at the class level positively 
correlated with OTUs belonging to Planctomycetes and Firmicutes (Fig. 17). No statistical 
differences among groups were found, however, strong positive correlations likely represent a 
co-occurrence pattern promoting CH4 production. Here, positive correlations are consistent 
with observations of Planctomycetes and Firmicutes involvement in carbohydrate 
fermentation, whereby generating acetate and hydrogen as products, in turn providing 
substrate for methanogens (He et al., 2015). This observation is consistent with higher overall 
CH4 emissions typically found in this region. In contrast, however, following CH4 production 
methanotrophic bacteria are principal factors regulating CH4 accumulation and transport in 
soils due to the effectiveness at oxidizing CH4 back to CO2. Methanotrophic individuals are 
primarily constrained to members of the group Proteobacteria, specifically Alphaproteobacteria 
and Gammaproteobacteria. Previously, Proteobacteria including Gammaproteobacteria were 
identified by LEfSe analysis as main taxonomic groups in semi-native populations differentiating 
those from improved populations (Fig. 16). However, methanotrophs from these groups were 
present in low abundances relative to higher taxonomic levels, limiting the resolution required 
for LEfSe analysis to identify them as differentiating factors. Rather, 3 out of 4 genera identified 
as methanotrophs were sufficiently higher in semi-native populations, indicating the potential 
for significant regulating power in limiting CH4 fluxes, consistent with low emissions found from 




4.5 Implications and future directions 
The taxonomic and phylogenetic components of soil microbiomes exert substantial 
control over function (Banerjee et al., 2019; Strogatz, 2001). Complexities associated with these 
interactions often limit the resolution required to identify functional inadequacies caused by 
disturbance pressures. Phylogenetic diversity is often used as a proxy for functional trait 
diversity (Webb et al., 2002; Winter et al., 2013), and when paired with additional investigative 
tools, permits the discovery of potential trade-offs related to population divergence, and in this 








Figure 16. Linear Discriminate Analysis Effect Size (LEfSe) analysis of 
microbial communities for each management intensity type (gray), 
location (purple), and season (light blue). Only the top 10 
differentiating taxa that indicated significance (p<0.05) with LDA 
effect sizes greater than 2.5 are included. Taxa names include the 
phylum followed by the lowest taxonomic assignment available. Only 






Figure 17. Redundancy Analysis for management intensity type and 
taxa that exert influence over microbial structure. Species (grey) are 
placed according to the axis explaining the greatest variation. 
Proximal distances between species and the origin indicates the 
degree of influence. Arrow direction and length correspond to the 
management type most responsible for explained variation among 






Figure 18. Non-metric multidimensional scaling (NMDS) for the 
phylogenetic relatedness between samples. Each point represents the 
entire microbial population from the corresponding sample. The 
proximity of each sample represents how phylogenetically similar or 
dissimilar populations between sites are. Blue outline represents 
improved wetland samples and the black outline represents samples 







Figure 19. Relative abundance of methanogenic genera. The Euryarchaeota 
phyla contains non-methanogenic taxa which is indicated by lower than 100% 





Figure 20. Non-metric multidimensional plot of methanogenic 
species showing taxonomic divergence among management 
intensities. Points represent sample methanogenic populations. 
The proximity of each sample represents how taxonomically 
similar or dissimilar methanogenic populations between sites are. 
Methanogenic species are indicated in red and their proximity to a 
sample represents how likely they are to be found in that sample. 
The blue outline represents improved wetland samples and the 




Figure 21. Relative abundances of methanogenic species and their primary methanogenic 
pathway. The y-axis represents methanogenic species. When significant differences were found 
between management intensities (light or dark grey), they are shown under each 
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Chapter 5: General Conclusion 
 
5.1 Summary 
This thesis demonstrates the impact agricultural practices, including grazing by cattle 
and agronomic improvement, has on the ecosystem properties of embedded subtropical 
wetlands. The overall themes that were addressed included the relative influences of 
management intensity on wetland CH4 emissions and extent microbial populations responded. 
The main conclusions reported for each objective in this thesis are as follows: objective 1) 
higher net CH4 emissions were found from improved wetlands than semi-native wetlands, 
which was particularly evident during the wet season and caused by greater soil wetness and 
aboveground biomass, regardless of grazing pressures, objective 2) the composition, diversity, 
and structural assembly of microbial populations differed for improved and semi-native 
wetlands, and represents the consequences of increased management intensity that included 
population divergence and decreased population heterogeneity, and objective 3) evidence for 
diminished functionality under high management scenarios included higher abundances of 
methanogenic microbes that paralleled higher net CH4 emissions, however, this conclusion 
requires further investigation. 
 
5.2 Future work 
 Whilst the results presented in this thesis demonstrate the influence agronomical 
improvement has on embedded subtropical wetlands, there are several areas this work could 
benefit from to be applicable in a global context. Pairing ground-truth measurements from 
point-based accounting of CH4 emissions with continuous eddy covariance measurements 
140 
 
would permit quantifying differences in annual emissions. This would benefit regional and 
global models such as DAYCENT and allow comprehensive outlooks under different 
management scenarios or climate change simulations. Further, incorporating CO2 and N2O 
measurements would account for the overall change to the global warming potential of 
wetlands under different management intensities. 
Research aimed at investigating the impacts of agricultural expansion and intensification 
represents a major sector of successfully developing environmentally conscious solutions to 
feed two billion more people by 2050. This undoubtably is a massive undertaking that will 
require an Arsenal of tools, however, among the first steps is characterizing ecosystems most 
vulnerable to anthropogenic disturbances. The ability to pair predictions with observations 
would increase the resolution at which adverse environmental consequences are identified. 
Often lacking though, are whole ecosystem outlooks. This indeed requires a deeper 
understanding of microbial populations and the environmental scenarios that impose them. 
The microbial research presented in this thesis contributes towards detecting the larger 
impacts of agricultural management intensity, though, would benefit from being paired with 
more empirical methods that quantify functional profiles and how they differ. Furthermore, 
identifying ecosystem specific taxa that appear to reflect disturbance types, known as indicator 
species, would greatly benefit the power to detect ecosystems under threat of anthropogenic 




Appendix A: Estimating ecological diversity: components & tools 
 
A.1 Components of diversity 
Diversity broadly accounts for the variety of life forms that exist at all organizational 
levels of an ecosystem. The concept of diversity is generally divided into four components: 
richness, evenness, disparity, and functionality. Richness refers to the absolute number of 
unique species in a population independent of abundances. Evenness represents the 
distribution of abundances across taxa in a population, while functionality describes the variety 
of process-based mechanisms supported by a population. Disparity is different in that it 
represents the dissimilarity in the species present between two populations.  
 
A.2 Measuring diversity: α- & β- diversity 
A core concept of diversity is the relationship between total landscape diversity (γ-
diversity) and the interaction between alpha- (α) and beta- diversity (β) (Fig. A1; Jost, 2007). In 
this case, α-diversity represents the diversity of local populations and accounts for population 
richness and evenness. β-diversity represents the variability (dissimilarity) from site-to-site 
(across spatial scales) (Fig. A1). 
We utilized a variety of diversity measures to thoroughly analyze the relationship 




A.3 Alpha (α) diversity: 
Many α-diversity indices exist, each placing priority on different components of 
diversity. Here, we used two common alpha indices, Simpson’s dominance index and the 
Shannon index, to predict α-diversity.  
The Shannon index (‘H), called Shannon entropy, measures the average degree of 
uncertainty associated with selecting similar individuals from a population consecutively. The 
higher the uncertainty, the higher the diversity. For each group of samples, Shannon diversity 
was calculated as follows:     
′𝐻𝐻 = −∑  (𝑝𝑝𝑖𝑖 ln𝑝𝑝𝑖𝑖𝑠𝑠𝑖𝑖=1 )       Eq A.1. 
where s is the number of OTUs and pi is the proportion of the community represented by OTU i. 
The Shannon index places greater weight on species richness than evenness, and high values 
are typically interpreted as a population characterized by high proportions of rare or less 
common species. 
Simpson dominance (Simpson d.), in contrast, is a probability measure and reflects the 
probability of selecting two individuals at random that belong to different taxa and is calculated 
as:  




        Eq A.2. 
where s is the total number of species in the community and pi is the proportion of community 
represented by OTU i. Simpson’s d. places weight on evenness rather than richness and is 
influenced by the presence of dominating or highly abundant taxa. Contrary to the Shannon 




A key principal of diversity is a proportional increase in diversity as individuals are added 
to the species pool. α-diversity estimates diversity, but fails to provide context about actual 
measurable differences that systematically scales in both abundance and distribution. For 
example, inconclusive diversity estimates may arise when addressing the importance of rare 
species. Rare or uncommon species are often overlooked due to low abundances, limited 
functional importance, or simply being undetected, all of which result in underestimated true 
richness. Although a system may be considerably more diverse based on high species richness, 
it becomes challenging to identify if diversity differences are an artifact of high proportions of 
individuals captured from a small sample pool opposed to equal proportions of individuals 
captured from a large sampling pool. Therefore, an important consideration when choosing 
from the many α-diversity indices surrounds not only the question being asked but how to 
interpret results.  
Constraining diversity estimates to a single diversity measure limits the ability to 
characterize and uncover key ecological properties responsible for the assembly of species 
within a population. As many diversities indices account for only specific components of 
diversity, they provide limited information. Another disadvantage to using a single diversity 
metric is the introduction of index bias. Bias generally arise for two reasons: 1st) unobserved 
species are present but not detected in a sample, 2nd) α-diversity lacks standardization and 





A.4 Hill numbers 
Hill numbers quantify diversity in units of equivalent numbers of equally abundant 
species (Hill, 1973). They are direct derivatives of many diversity metrics and have become a 
popular method for addressing issues that arise from non-linearity and differential weights 
placed on richness or evenness. 
Hill numbers reduce the results generated by a diversity metric by placing them in the 
context of a community with an equal number of species distributed across the taxa present 
(i.e. perfectly even). That is, generating a hypothetical community that is a direct reflection of 
the original diversity value for the initial community measured. Hill numbers are a proxy for 
true diversity, where equivalent species are analogous to a community having a spread of 
dissimilar individuals that are present in equal abundances (Daly et al., 2018). Importantly, 
many diversity indices including Simpson d. and Shannon index are converted to Hill numbers 
using simple algebra. 
𝑑𝑑𝑑𝑑𝑎𝑎 =  1
�∑ 𝑝𝑝𝑖𝑖  𝑠𝑠𝑖𝑖=1 𝑝𝑝𝑖𝑖
𝑞𝑞−1𝑞𝑞−1
        Eq A.3. 
where pi is the proportional abundance of species i, s is the total number of species, and q is 
the order of diversity. Here, we calculated species diversity as equivalent species for q=[0,1,2]. 
The order q reflects how sensitivity a diversity metric is to species relative abundance. At q= 0, 
the Hill number equation cancels out, thus representing the same numeric value as species 
richness and placing weight on rare species rather than common species while disregarding 
evenness. For q → ∞, weight is progressively distributed to common and evenly distributed 
145 
 
species until diversity is directly proportional to the few, highly even taxa. As the parameter q 
increases, diversity decreases. 
Hill numbers obey what is known as the ‘replication principal’ and describes a real 
quantifiable difference. As such, they can be compared across assemblages and variables for 
any order of q by calculating the relative percent difference between equivalent species or 
visualized by constructing diversity curves, thereby permitting a more informed estimate of 
diversity relative to the original metric used to calculate diversity. 
 
A.5 Beta (β) diversity 
β-diversity is conceptually linked to variation in α and γ diversity and they act as 
potential confounding factors when examining statistical differences among sites. β-diversity 
estimates the compositional variability among sites (Fig. A1). This method indicates how similar 
or dissimilar different populations are with regard to the identity of species present, thereby 
directly revealing the nature of structural change. Questions that can be asked include: 1) Is 
there heterogeneity differences within a community, 2). Does compositional similarity decay 
with gradient separation, 3). variation in species response along spatial gradients, and 4) 
uncover divergence among populations. 
𝐵𝐵𝐵𝐵𝑖𝑖𝑖𝑖 = 1 −
2𝐶𝐶𝑖𝑖𝑖𝑖
𝑆𝑆𝑖𝑖 + 𝑆𝑆𝑖𝑖
        Eq. A.4. 
Where i & j are the two sites, Si is the total number of specimens counted at site i and Sj is the 
total number of specimens counted on site j. Cij is the sum of only the lesser counts for each 




A.6 β-diversity and deviations from a null model 
Recently, it has become common practice to compare observed β-diversity differences 
to a null-model generated hypothesis used to control the confounding effects of γ- and α- 
diversity (Chase et al., 2011) This approach permits hypothesis-based questions about possible 
underlying mechanisms including the relative importance of stochastic or deterministic 
properties for community assembly.  
Here, a null model was created that randomizes population data without consideration 
of ecological information. The randomization is designed to produce what would be expected 
by shuffling real data in a way that maintains relative abundances but disrupts mechanisms that 
drive variation in species composition. For this study, a modified version of the Raup-Crick 
dissimilarity metric (βrc) was used (Raup & Crick, 1979). βrc is a presence-absence probability 
index that samples species proportional to their regional frequency (γ), commonness, and rarity 
within an observed data set (Chase et al., 2011). Rather than representing dissimilarity among 
pairwise communities, the βrc metric expresses dissimilarity among two communities relative to 
the null expectation. Specifically, βrc expresses the probability that any two null communities 
drawn at random from the γ species pool (total species richness) have the same number or 
more species in common than the observed communities. Scaled to between -1 and 1, a value 
of 0 represents no difference in the observed dissimilarity from the null expectation (stochastic 
species dispersion); a value approaching 1 indicates observed dissimilarity is higher than 
expected from simulations (community heterogeneity/deterministic); a value approaching -1 









Fig. 22. Gamma (γ) diversity represents 
components of diversity at the 
landscape scale, beta (β) represents 
diversity differences between sub-
communities, and alpha (α) represents 
the within community diversity profile. 
 
